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Purification of Polluted Stormwater 
SHIYU CHEN 
Department of Architecture and Civil Engineering 
Chalmers University of Technology 

Abstract  
Urbanization reduces surface areas for natural infiltration and increases the transport of 
pollutants such as metals, microplastics, and organic pollutants in stormwater runoff. 
Bioretention filters are widely implemented as green infrastructure for stormwater treatment 
and have demonstrated high pollutant removal efficiency. Limited knowledge exists regarding 
the accumulation, distribution, and long-term fate of pollutants within filters, as well as the 
management of used filter materials after operation. The aim of this thesis was to investigate 
the distribution and characteristics of metals and microplastics in used bioretention filters and 
to evaluate potential treatment strategies for microplastics removal and metal recovery.  

Two pilot-scale bioretention filters with different sorption materials as a main layer were 
studied: one containing municipal incineration bottom ash, and another containing biochar. 
Metals and microplastics contents were analyzed at different depths and filter material layers. 
Sieving was conducted to evaluate metal distribution in different particle size fractions, while 
sequential extraction was used to assess metal mobility in polluted materials. Density 
separation was investigated for removal of microplastics, and acid leaching was evaluated for 
recovery of metals. Different treatment sequences combining these methods were assessed. 

The results showed that metals originating from stormwater accumulated in the surface layer 
of the biochar-based filter, while elevated metal contents were observed throughout the filter 
profile in the ash-based filter due to the contribution of metals from the ash materials 
themselves. Although the finest particle fraction contained the highest metal contents, most of 
the total metal load was associated with larger particles. Sequential extraction indicated 
relatively high mobility of Cd and Zn, while Cr and Ni were stable. Microplastics and rubber-
related polymers were quantified in both filters, with rubber particles largely retained in the 
surface layer. No consistent depth-dependent trend was observed for microplastics. Density 
separation could partially remove certain polymers from the filter materials but showed limited 
ability to remove rubber particles. Acid leaching combined with density separation achieved 
the highest metal recovery performance and showed potential as a combined treatment strategy. 
The results suggest that different management strategies may be required for organic and 
inorganic materials. Further research is needed to assess the technical, environmental, and 
economic feasibility of the proposed treatment pathways.  

Keywords: bioretention filters, stormwater treatment, trace metals, microplastics, metal 
recovery 
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1 Introduction  
Half of the global population currently lives in cities, and the proportion is expected to reach 
70% by 2050 (United Nations, 2025). Due to the rapid urbanization, impervious surfaces such 
as highways, roofs, and pavements replace the natural landscapes, making stormwater 
infiltration increasingly limited and unnatural (Salerno et al., 2018; Shuster et al., 2005). 
Pollutants accumulate on these surfaces, and sediments, chemicals, bacteria, viruses and 
emerging contaminants (e.g. persistent organic pollutants (OP), metals, and microplastics 
(MPs)) are transported into receiving water bodies, causing water quality degradation (Salerno 
et al., 2018; Yang, Li, et al., 2021; Singh et al., 2024). The loss of open green spaces 
undermines climate resilience. At the same time, climate change increases the frequency and 
intensity of extreme rainfall events, further worsening the vulnerabilities (Liu et al., 2022; Xu 
et al., 2023). To mitigate and adapt to the combined challenges of urbanization and climate 
change, many countries have implemented nature-based solutions, such as green infrastructure 
(GI), also referred to blue-green infrastructure, low impact development (LID) and best 
management practice (BMP) (Beryani et al., 2021; Green et al., 2021; Li et al., 2019; Sharma 
& Malaviya, 2021).  

Green roofs, rain gardens, and constructed wetlands are typical examples of GI (Chatzimentor 
et al., 2020). Among these, bioretention systems are one of the most widely used and effective 
forms. They offer multiple co-benefits, including reducing urban runoff volume, removing 
pollutants, enhancing landscape quality, improving biodiversity and air quality, reducing noise, 
and mitigating urban heat island effects (Nieuwenhuijsen, 2021). Bioretention systems have 
been widely applied and adapted to local conditions, and numerous studies, conducted at both 
laboratory and field scales, have demonstrated their effectiveness in removing a wide range of 
pollutants from urban runoff, including MPs, metals, and OPs (Biswal et al., 2022; Johansson 
et al., 2024; Lange et al., 2021). These conclusions are commonly drawn based on comparisons 
between influent and effluent water quality, providing limited insight into the internal 
behaviors of pollutants within the system. In particular, the retention, migration, and spatial 
distributions of pollutants across different layers remain insufficiently understood.  By 
sampling soils from operated bioretention systems, previous studies have shown that pollutants 
tend to accumulate in the upper layers (Gilbreath et al., 2019; Kluge et al., 2018; Lange et al., 
2023). In addition, the accumulation of pollutants raises concerns regarding long-term 
operation, maintenance, and disposal. Although it is commonly suggested that the filter 
materials, especially the top layer, require regular replacement, research on the treatment of 
these spent materials remains limited. For example, limited attention has been given to post-
treatment strategies and the potential for resource recovery, despite the possibility that high 
metal concentrations in used filter materials could be exploited for metal recovery.  

1.1 Aims  
This thesis aims to improve the understanding of pollutant retention in used bioretention filters 
and to explore sustainable post-treatment strategies with potential resource recovery. 
Specifically, this thesis investigates the distribution and characteristics of metals and MPs 
within different filter layers, evaluates metal mobility and recovery potential using sequential 
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extraction, and examines post-treatment approaches, including density separation for MPs and 
acid leaching for metal recovery, as well as their combined application. 

The goals are to answer the following research questions: 

• How are metals and MPs distributed in depth and in the different filter materials of the 
bioretention filters, and how do their contents, particle size distributions, and polymer 
compositions vary?  

• How can residual MPs be effectively separated from soil and sorbent material in the used 
bioretention filter? 

• Is it possible to develop a method that effectively separates MPs and, at the same time, 
recovers valuable metals from soil from the bioretention filter? 
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2 Background 
This chapter provides the background necessary to support the understanding of pollutant 
behavior in bioretention systems and introduces the characteristics of pollutants commonly 
found in urban runoff, including MPs, metals, and OPs, as well as relevant degradation and 
treatment approaches.  

A typical bioretention system consists of vegetation planted in a soil bed, filter layers built up 
by materials such as soil, sand, gravel, and additional sorbent materials, as well as an 
underdrain system (Davis et al., 2009; Liu et al., 2014; Roy-Poirier et al., 2010).  Based on 
local infrastructures and climates, various design and operation guidelines have been developed. 
For example, Wang et al. (2017) has shown that design guidelines developed for temperate 
climates cannot be directly applied to tropical regions. Similar findings have been reported in 
subtropical regions such as Brazil (de Macedo et al., 2019), in Nordic countries such as Finland 
(Tahvonen, 2018), and in arid or semi-arid regions such as Utah (Houdeshel et al., 2015).  

Bioretention systems located in urban environments receive runoff containing various 
pollutants, including traffic-related particles, metals, and OPs. These pollutants tend to 
accumulate within the filter materials over time, with higher pollutant concentrations often 
observed in the upper layers, while fine particles may migrate to deeper layers (Duan et al., 
2024; Furén et al., 2023). Long-term accumulation can compromise system performance by 
reducing purification efficiency and shortening the system lifespan (R. A. Brown & Hunt, 2012; 
Chu et al., 2021). The surface layer therefore often requires more frequent replacement (R. A. 
Brown & Hunt, 2012; Gilbreath et al., 2019). The excavated filter materials may contain high 
pollutant concentrations and, in some cases, be classified as hazardous waste and must be 
handled accordingly (Al-Ameri et al., 2018; Furén et al., 2023). Different sorbent materials 
such as biochar, coconut coir, peat, pumice, and compost have recently been employed in many 
studies due to their strong sorption capacity (Mohanty et al., 2018; Narayanasamydamodaran 
et al., 2024; Sagrelius et al., 2023).  

A clear understanding of the types, distribution, and behavior of pollutants retained in the filter 
materials is therefore essential for evaluating their environmental risks, guiding maintenance 
practices, and informing appropriate post-treatment and management strategies for used filter 
materials. 

2.1 Microplastics  
Microplastics are commonly defined as plastic particles smaller than 5 mm (Andrady, 2011). 
A range of polymer types have been reported in urban runoff, including polyethylene (PE), 
polypropylene (PP), polystyrene (PS), polyethylene terephthalate (PET), and polyvinyl 
chloride (PVC) (Wang et al., 2022). Potential sources in urban runoff include traffic-related 
emissions (tire and road wear, road paint, asphalt particles), litter, construction materials, and 
artificial turf (Birch et al., 2020). Reported concentrations of MPs in urban environment vary 
widely, ranging from 0 to 8580 particles/L, and regional studies are influenced by local 
conditions (Wang et al., 2022). For example, in Gothenburg, stormwater has been reported to 
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contain up to 5,900 particles/L of tyre and bitumen-related MPs (>20 !") (Järlskog et al., 
2020).  

Street runoff can transport MPs into adjacent soils, receiving water bodies, and even 
groundwater (Xiang et al., 2022; Yang, Zhang, et al., 2021). High concentration of tyre wear 
particles (TWP) has been detected in roadside soils along a Swedish national motorway, and 
although the concentrations decrease with increasing distance from the road, TWPs remain 
detectable at location further away (Polukarova et al., 2025). In addition to horizontal transport, 
MPs can also migrate vertically into deeper soil layer overtime and eventually end up in 
groundwater (Chia et al., 2021; Panno et al., 2019).  

These remaining MPs have a toxic effect on the environment. For example, MPs can consist 
of polymers with harmful organic and inorganic additives (Groh et al., 2019; Suhrhoff & 
Scholz-Böttcher, 2016). The harmful chemicals present in MPs have the potential to spread in 
the soil as MPs migrate in the soil, thus posing ecological and health risk (Guo et al., 2020; 
Ivar do Sul & Costa, 2014). Also, due to their large specific surface area and strong surface 
hydrophobicity, MPs can absorb and concentrate on other environmental pollutions 
including metals and OPs (Li et al., 2020; Liu et al., 2022; Xiang et al., 2022). Consequently, 
MPs can act as vectors to transfer contaminants to different environmental compartments 
(Holmes et al., 2012, 2014). These can produce toxic effects on the environment and increase 
the difficulty of degradation. In addition, MPs can be mistaken by animals such as snails, 
earthworms, and marine animals, and the damage can be both mechanical (e.g., clogging of the 
digestive tract) and chemical (e.g., exposure to harmful additives) (Hale et al., 2020).  

Functioning bioretention systems located near roads can effectively retain MPs through 
physical filtration and sedimentation, primarily within the upper layer of the materials 
(Gilbreath et al., 2019; Lange et al., 2023). However, due to their high stability and resistance 
to degradation (Chamas et al., 2020; He et al., 2018; Liu et al., 2022), MPs tend to persist and 
gradually accumulate in the bioretention materials over time. Long-term retention not only 
alters fundamental properties of soil but also raises concerns regarding their potential toxicity 
and interaction with co-existing pollutants (Yang, Zhang, et al., 2021).  

2.2 Metals  
Metals associated with urban runoff mainly include Cd, Cu, Cr, Ni, Pb, and Zn (Järlskog et al., 
2022; Müller et al., 2020). These metals are primarily generated from vehicle-related sources, 
such as tyre wear, brake, engine, and wheel balance weights. Additional contributions include 
construction activities that often involve heavy vehicles and equipment, as well as urban 
littering.  

In urban runoff, metals occur mainly in particulate form (70–99%) (Lange et al., 2022), and 
bioretention systems can effectively remove these particulate bound metals through 
sedimentation and filtration processes (Liu et al., 2025). Dissolved metals are mainly removed 
through sorption within the biofilter materials (Sun & Davis, 2007), while the removal is often 
insufficient, particularly for dissolved Cu (Lange et al., 2020). Most retained metals accumulate 

https://www.sciencedirect.com/topics/agricultural-and-biological-sciences/heavy-metal
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in the upper layers of bioretention materials (Al-Ameri et al., 2018; Lucke & Nichols, 2015), 
and their concentrations may exceed guideline values for ecological and/or human protection 
(Al-Ameri et al., 2018). In addition, MPs can act as vectors for metals, influencing their 
transport and environmental fate. Studies have shown that MPs have a strong affinity for metals 
and can rapidly absorb them (Godoy et al., 2019; Hildebrandt et al., 2021).  The co-
accumulation of MPs and metals increases the bioavailability of metals in soils. Microplastics 
may be mistakenly ingested by organisms, and the associated metals can then be released 
within organisms and enter the food chain (An et al., 2023; Gudeta et al., 2023; Zhou et al., 
2019). 

Changes in environmental conditions may remobilize these retained metals (Bruemmer et al., 
1986; Caporale & Violante, 2016). The mobility of metals in soils is closely related to the 
chemical forms of metals (Gleyzes et al., 2002). The mobility of metals in soil can be classified 
into five fractions: exchangeable, carbonate bound, Fe and Mn oxide bound, organic matter 
bound, and residual, based on a sequential extraction scheme originally developed for 
sediments (Tessier et al., 1979). The exchangeable fraction represents weakly bound metals 
that are highly mobile. The carbonate fraction is susceptible to pH decrease; the Fe-Mn oxide 
fraction is unstable under low redox potential environment; the organic matter bound fraction 
is subject to degrade under oxidizing condition; while the residual fraction is typically stable 
under natural conditions (Filgueiras et al., 2002; Kaasalainen & Yli-Halla, 2003; Yutong et al., 
2016). The speciation-dependent mobilities suggest that, under changing environmental 
conditions, these metal-enriched filter materials may become a source of metal leaching and 
therefore pose potential risks.  

Additionally, stormwater often contains dissolved organic matter, which can be expressed as 
dissolved organic carbon (DOC) (Kalev & Toor, 2020). Many studies reported that DOC can 
enhance metal mobility, and it has been shown to induce the desorption of metals from both 
surface and deeper layers of bioretention materials, with Cu often exhibiting the most 
pronounced response (Al-Amin et al., 2024; Esfandiar & McKenzie, 2022; Johansson et al., 
2024).  

2.3 Organic Pollutants  
This section provides a brief overview of OPs relevant to bioretention systems. Over 1000 
specific OPs have been identified in stormwater originating from the road environment, such 
as polycyclic aromatic hydrocarbons (PAHs), and aliphatic hydrocarbons, phthalates 
(Polukarova et al., 2020). These pollutants are released from traffic-related activities, such as 
exhaust gases, fuels, lubricating oils, road construction materials, and vehicle components 
including tyres, brakes and body materials (Järlskog et al., 2021). Many of these OPs are 
environmentally persistent, bio-accumulative, and may have detrimental long-term effects 
(Alharbi et al., 2018; Gaur et al., 2018).  

In bioretention systems, OPs are mainly retained through filtration and adsorption, with 
removal rates of up to 96% (LeFevre et al., 2015; Lucke & Nichols, 2015). As OPs in 
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stormwater are usually associated with suspended solids, their retention primarily occurs in the 
surface of filter materials (Furén et al., 2022). Once retained, OPs may undergo degradation 
and mineralization by microorganisms such as bacteria and fungi within the filter, and/or be 
taken up by vegetation through root systems. However, many OPs have high persistence and 
resistance to degradation, allowing them to remain in the environment and be able to travel 
long distances through water-air-soil systems (Alharbi et al., 2018; Gaur et al., 2018). Similar 
to metals, OPs, especially hydrophobic OPs, can be absorbed and transferred by MPs (Fu et al., 
2021). 

To summarize, MPs, metals, and OPs can be effectively retained in bioretention systems, 
leading to their gradual accumulation within the filter materials over time. Their coexistence 
may lead to synergistic effects that influence contaminant transport and fate. However, only a 
limited number of studies have addressed long-term accumulation, co-contamination, and 
possible leaching of metals in stormwater biofilters. Exploring existing treatment and 
management approaches for these contaminated materials is therefore important to support 
their sustainable handling. 

2.4 Potential Treatment Approaches for Used Filter Materials  
Microplastics and metal can potentially be separated and recovered from the solid materials, 
whereas OPs are generally removed through degradation rather than physical separation. 
Microplastics may also be degraded through chemical processes. Different treatment 
approaches are required depending on the target pollutants, summarized in Table 1.  

2.4.1 Microplastics Separation  
Several methods have been applied to separate MPs from soil matrices, including density 
separation, filtration, and floatation. Density separation is the most applied technique (Nabi et 
al., 2022). Density separation isolates MPs based on density differences between MP particles 
and soil. Generally, soils have a density of 2.7 g/cm3, and MPs range from 0.8 to 1.6 g/cm3. 
Saturated salt solutions can be used to separate MPs from soil matrices (Löder & Gerdts, 2015). 
Commonly used salt solutions include sodium chloride (NaCl, 1.2 g/cm3), zinc chloride (ZnCl2, 
1.6 g/cm3), sodium iodide (NaI, 1.8 g/cm3), and zinc bromide (ZnBr2, 1.7 g/cm3).  

High density solutions usually achieve higher recovery rates, particularly high-density 
polymers (Quinn et al., 2017), but several limitations restrict their application. For example, 
NaI is expensive, ZnCl2 is hazardous and corrosive, and ZnBr2 is both costly and 
environmentally harmful (Tirkey & Upadhyay, 2021). While NaCl is sufficient for separating 
low-density MPs, such as polypropylene (PP) and polyethylene (PE), from sandy matrices, 
with reported recovery rates of up to 90% (Schütze et al., 2022). Due to its effectiveness, low 
cost, ease of handling, and environmental acceptability (Quinn et al., 2017), NaCl remains the 
most commonly used solution.  
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2.4.2 Degradation of Microplastics and Organic Pollutants 
2.4.2.1 Conventional degradation techniques 
Conventional degradation methods, including biodegradation, chemical oxidation, and thermal 
degradation, have been widely explored for removing MPs and/or OPs from contaminated 
materials, with varying removal efficiencies depending on the contaminant types and treatment 
conditions. 

Biodegradation is a natural process in which microorganisms (e.g., bacteria and fungi) 
metabolize pollutants or organic matter and transform them into less harmful or non-toxic 
forms under aerobic or anaerobic conditions (Gaur et al., 2018; Liu et al., 2022). Fungi, either 
alone or in combination with bacteria, have recently been applied as promising agents in 
microembolization. Fungi have been reported to remediate combined pollution of PAHs and 
metals (Li et al., 2020), and they have also shown the ability to degrade certain MPs (Paço et 
al., 2017; Sangale et al., 2019). However, imitations remain. For MPs, biodegradation is still 
constrained by the high molecular weight of common polymers (Miri et al., 2022) and the 
degradation of plastics remains very complex and poorly controlled (Liu et al., 2022; Miri et 
al., 2022). Its efficiency further depends on the bioavailability of the pollutant and the 
environmental conditions, such as temperature, oxygen, nutrients, and the presence of toxic 
substances (A. E. et al., 2020; Ahmed et al., 2018; Sivan, 2011). The biodegradation of MPs 
and persistent OPs is relatively slow (about 30–60 days), which limits its application at 
commercial scale (A. et al., 2020; Lü et al., 2024). 

Chemical oxidation relies on the strong oxidizing properties of oxidants to degrade OPs. 
Common oxidants include permanganate, hydrogen peroxide, persulphate, and ozone 
(Dombrowski et al., 2018; Ranc et al., 2016; Wei et al., 2022). These oxidants can react with 
pollutants through electron transfer in a conventional redox reaction.  When chemical oxidation 
technology is used to treat soil, intermediate products are sometimes more toxic or less 
biodegradable than the parent compound (Lemaire et al., 2013; Shi et al., 2023). Another 
limitation is the non-specific nature of oxidants. In soils with a high organic content, oxidants 
may be consumed not only by the targeted pollutants but also by organic matter (Lemaire et 
al., 2013; Rivas, 2006; Wei et al., 2022). This overconsumption reduces treatment efficiency 
and increases operational costs. 

Incineration has been widely applied for the disposal of industrial wastes through thermal 
degradation at high temperatures (usually 900°C or greater). This process can destroy the 
organic fraction of the waste and reduce volume (Oppelt, 1987), and incineration of plastics 
might contribute to energy recovery due to their high calorific value (Kunwar et al., 2016). 
Soils generally contain relatively low organic contents, meaning that incineration may require 
additional energy input rather than producing energy, depending on the composition of the 
materials. However, incineration may generate various pollutants such as sulfur oxides (SOx), 
nitrogen oxides (NOx), and hydrogen chloride (HCl), as well as persistent OPs such as 
dibenzodioxins and furans (Laine & Cheng, 2007; Zhang et al., 2021). Incineration plants also 
release greenhouse gas, particularly carbon dioxide (CO2), which contributes to climate change 
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(Panepinto et al., 2022). Several studies have suggested that incineration may not completely 
eliminate MPs. Microplastics have been reported in municipal solid waste incineration ash in 
studies from different countries, including China (Luo et al., 2024; Shen et al., 2021; Yang et 
al., 2021), Korea (Hong et al., 2026), and Iran (Valizadeh et al., 2025). Reported MP 
abundances in bottom ash vary widely, ranging from a few particles per gram or kilogram of 
ash, and considerable variation exists among these studies. It remains unclear whether the MPs 
are from incomplete degradation during incineration or are introduced during post-treatment 
processes such as storage and metal sorting. 

2.4.2.2 AOPs 
Advanced oxidation processes (AOPs) involve the in-situ formation of highly reactive 
oxidative species (e.g., ·OH, SO4·–) and their reactions with target contaminants (Oturan & 
Aaron, 2014).  Due to their strong oxidation capacity, AOPs have been applied for the 
degradation of persistent organic and inorganic pollutants (Cheng et al., 2016; Kim et al., 2022). 
Various AOPs have been developed based on different activation mechanisms. 

In chemical AOPs, the Fenton process is one of the most established techniques (Oturan & 
Aaron, 2014). It relies on the reactions between hydrogen peroxides (H2O2) and ferrous ions 
(Fe2+) to generate active oxygen species capable of oxidizing contaminants. Fenton AOPs are 
inexpensive and simple to operate, but the process requires large amounts of chemicals for 
wastewater acidification, and subsequent neutralization and purification before disposal 
(Zhang et al., 2019). Fenton process can be combined with light irradiation (e.g., UV light, 
sunlight) i.e. photocatalytic AOPs or integrated with electrochemical reactions i.e. 
electrochemical AOPs to improve the oxidation efficiency.  

Photocatalytic AOPs are driven by the generation of highly reactive electron-hole pairs on the 
surface of photocatalysts under the UV or visible light (Nakata & Fujishima, 2012). 
Photocatalysis has been applied for the oxidation of various organic compounds such as PCBs 
and PAHs (Ibhadon & Fitzpatrick, 2013; Zhang et al., 2008), as well as different types of MPs 
(Uheida et al., 2021). One major limitation is the rapid recombination of photogenerated 
electrons and holes, which can reduce oxidation efficiency (Zhu & Zhou, 2019). 

Electrochemical AOPs (EAOPs) are another important category of AOPs. In EAOPs, hydroxyl 
radicals can be generated either through electro-assisted catalytic reactions (e.g., electro-Fenton) 
or via direct anodic oxidation (Sirés et al., 2014). EAOPs offer advantages such as reduced 
chemical consumption, high pollutant degradation efficiency, and good process controllability 
(Chaplin, 2014). EAOPs are limited by the costs of electrical supply (Sirés et al., 2014). Also, 
organic materials may be deposited on the surface of electrode, which will lead to the activity 
reduction and shortening of electrode lifetime. 

Photoelectrocatalysis (PEC) represents a hybrid AOP that combines photocatalysis and 
electrochemical processes, integrating the advantages of both processes. By applying an 
external electric current, electron-hole recombination can be reduced, accelerating 
photocatalytic reaction (Daghrir et al., 2012). It also stands out due to its environmental 
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sustainability, as PEC can utilize solar energy as a clean and renewable energy source to drive 
reactions (Yu et al., 2024). This method is well suited for co-contaminated environments, 
where various OPs, MPs and metals coexist (Liu et al., 2016; Peleyeju & Arotiba, 2018; Zhao 
et al., 2013). For example, Norén et al. (2025) reported up to 99% degradation of PAHs, PCBs, 
and TBT, while simultaneously recovering 76% of Cu. Studies have also demonstrated the 
applicability of PEC in the degradation of MPs, such as high-density PE (Quilumbaquin et al., 
2024) and PS nanoplastics (Chen et al., 2023).  

Currently, PEC studies are mainly conducted at a laboratory scale using simulated water 
matrices that are less complex than real wastewater systems or contaminated soil systems. The 
presence of suspended particles may limit light penetration and reduce treatment efficiency, 
and the study by Norén et al., 2025 using sediment samples, may not fully represent soil-based 
systems. In addition, the incorporation of sorbent materials (e.g., biochar) in bioretention 
systems may further increase the matrix complexity. Challenges such as low energy conversion 
efficiency and system instability still need to be addressed (Su et al., 2025; Yu et al., 2024). 
Nevertheless, the ability of PEC to simultaneously degrade OPs, MPs, and recover metals 
indicates its strong potential as an integrated and sustainable treatment technology. Further 
research is needed to advance PEC under more realistic conditions and for future industrial 
applications.  

2.4.3 Metal separation 
In Europe, soil containing hazardous substances is commonly treated by landfill (European 
Environment Agency, 2023). The landfill cost in the EU is EUR 39–46 per tonne of waste. In 
Sweden, landfilling further includes a landfill tax of SEK 725 per tonne (approximately EUR 
60 per tonne in 2024) (European Environment Agency, 2025). In the context of bioretention 
systems, excavated filter materials often contain high concentrations of pollutants, including 
metals, especially in upper layers (Sun & Davis, 2007), MPs (Lange et al., 2023), and OPs 
(Furén et al., 2023). Although landfilling is simple and time-efficient, it could be costly due to 
the large volume of contaminated materials and the hazardous components. In addition, 
landfilling poses several environmental risks, including the generation of biogas and 
contaminated leachates that may negatively affect surrounding environments (Vaverková, 
2019). At the same time, metals accumulated in the filter materials can be considered as 
potential secondary resources. Metals such as Cu, Zn, Pb and Ni are valuable industrial 
resources with increasing global demand (Elshkaki et al., 2018; Tominc et al., 2023). 
Recovering metals from these metal-enriched materials can provide an opportunity to reduce 
disposal burdens while simultaneously contributing to resource recovery. 

Metal recovery methods can be classified into hydrometallurgical and pyrometallurgical 
methods. The pyrometallurgical method includes smelting, roasting, converting, and refining 
and relies on high temperatures, which often are associated with high energy consumption, 
higher operational costs, and metal loss (Jadhav & Hocheng, 2012). In contrast, 
hydrometallurgical processes are operated under milder conditions and have advantages such 
as lower energy consumption and reduced environmental impact (reduced gas emission) 
(Krishnan et al., 2021). Hydrometallurgical processes often include dissolving metals into 
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solutions, followed by separation and recovery. Pyrometallurgical methods are commonly used 
to recover valuable metals from electronic waste (Wang et al., 2017), whereas 
hydrometallurgical methods are preferred for large-volume waste due to their economic 
advantages and suitability for industrial-scale processing (Gunarathne et al., 2022). Given the 
large volumes of contaminated bioretention materials, the hydrometallurgical method is 
selected and further discussed below. 

Leaching is the first step and aims to dissolve metals and metal compounds into solutions for 
subsequent separation and recovery (Sethurajan et al., 2017). It can be classified as chemical 
leaching or bioleaching depending on the agents used. Bioleaching is considered 
environmentally friendly; it generally requires longer processing time than chemical leaching, 
often ranging from days rather than hours, which may limit large-scale application (Funari et 
al., 2017).  Chemical leaching employs chemical agents such as inorganic acid, organic acid, 
or alkaline liquids to mobilize metals. Among chemical leaching approaches, acid leaching 
using inorganic acids such as hydrochloric acid (HCl), nitric acid (HNO3), and sulfuric acid 
(H2SO4), is one of the most widely applied and effective method (Tang & Steenari, 2016; 
Karlfeldt Fedje et al., 2010).  

Following leaching, metal dissolved in the leaching solution can be recovered through 
separation techniques such as chemical precipitation, solvent extraction, and electrowinning 
(Sethurajan et al., 2017). Solvent extraction and electrowinning are often applied in commercial 
hydrometallurgical operations to improve metal recovery efficiency. However, solvents used 
in solvent extraction may have potential environmental and toxicity concerns, and 
electrowinning processes could be complexed (El-Nadi, 2017; Sethurajan et al., 2017). 
Chemical precipitation is a traditional and practical method used on an industrial scale due to 
its simplicity and cost effectiveness. In this process, dissolved metals are precipitated from 
metal-enriched solutions to sulfides, hydroxides, or carbonates which can be separated as 
metal-rich precipitates (Chen et al., 2018). These precipitates can be further refined in the 
metallurgical process for final metal recovery. 
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Table 1 Summary of treatment methods based on the literature review and discussion in this chapter 

Category Method Efficiency  Complexity    Energy/cost  Environmental 
impact Scalability  

Microplastics 
and/or 
organic 
pollutants  

Separation  Density separation Low  Low  Low 

High (salt solution 
consumption and 
secondary liquid 
waste 
generation） 

High  

Conventional 
degradation  

Chemical oxidation  High  Medium  Medium  

High (chemical 
consumption and 
secondary liquid 
waste generation） 

High  

Thermal degradation 
(e.g., incineration) High  Medium  

High (energy-
intensive; 
potential for 
energy 
recovery via 
WtE) 

Medium (toxic by-
products and GHS 
emissions) 

High  

Biodegradation 

Low to 
medium 
（limited 
degradation 
extent and 
slow 
process） 

Medium  Low  Low  
Low（limited 
to laboratory 
scale） 
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Table 1 Continued  

Category Method Efficiency  Complexity    Energy/cost  Environmental 
impact Scalability  

Microplastics 
and/or 
organic 
pollutants 

AOPs 

Chemical AOPs 
(e.g., Fenton 
process) 

High Medium  Low  

High （chemical 
consumption and 
secondary liquid 
waste generation） 

Low （limited 
laboratory 
scale） 

Photocatalysis  Medium  High  Medium to high   Low  

Electrochemical  High  Medium  
Medium 
（electricity 
demand） 

Low  

Photoelectrocatalysis  High  High  Medium  Low  

Metal-
contaminated 
materials 

Physical separation (e.g., sieving) 
high 
（separation 
efficiency） 

Low  Low  
High （residual 
contamination in 
fine fractions） 

High  

Metal 
recovery 

Pyrometallurgy  High  Medium  High (energy-
intensive) 

Medium (toxic by-
products and GHS 
emissions) 

High  

hydrometallurgy High  Medium  Medium  

High （acid 
consumption and 
secondary liquid 
waste generation） 

High  

General 
contaminated 
materials 

Landfill  Low  Low  High  
Very high (long-
term environmental 
risk) 

Very high 
（widely 
implemented
） 
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3 Materials and Methodology  

3.1  Study Site and Bioretention Filters 
The pilot-scale bioretention system investigated in this study is located adjacent to the highly 
trafficked E6 Highway in Gothenburg, Sweden, and was irrigated with stormwater from the 
highway and adjacent impervious surfaces for around three years, from May 2022 to March 
2025. A detailed description of the system design is provided by Johansson et al. (2024). 
Briefly, the investigated bioretention filters consisted of a layer structure. The upper layer is 
sandy loam mixed with pumice stone, followed by the layer containing sandy loam, pumice 
stone and a sorption material. Beneath that, it is a pure sorption material layer. A fine sand 
layer and a gravel drainage layer were located below the sorption layer. 

The bioretention filter is planted with thrift, sea buckthorn, common rush, and red fescue. These 
plant species were selected for their tolerance to short period of water saturation, short drought 
periods, and elevated salinity, as well as their suitability for bioretention systems treating 
traffic-related runoff (Johansson et al., 2024). All selected species are non-invasive within the 
local environment. Biochar, sphagnum peat and municipal solid waste incineration bottom ash 
(MIBA) were used as sorption materials in the bioretention filters. Biochar is characterized by 
a high specific surface area and a porous structure, providing strong adsorption capacity 
(Weber & Quicker, 2018), and it can remove various pollutants from runoff in bioretention 
systems (Biswal et al., 2022). Sphagnum peat is effective in removing dissolved metal 
pollutants (P. A. Brown et al., 2000). Municipal incineration bottom ash (MIBA) is a porous 
material that can act as a low-cost adsorbent (Silva et al., 2017), and also represents a potential 
source for metals recovery (Karlfeldt Fedje et al., 2021).  

Initial characterization of the filter materials showed that the MIBA used in the filters contained 
high metal contents, particularly Cu and Zn (Table 3), whereas the biochar showed low metal 
contents. Evaluated metal contents were therefore expected in the A3 filter due to the presence 
of MIBA. Previous studies of the bioretention filters showed that Cu and Zn concentrations in 
the influent stormwater exceeded the Gothenburg guideline values, and decreasing 
concentrations and high removal rates were observed in the effluent overtime (Johansson et al., 
2024). Regarding MPs, the original biochar and MIBA materials were assumed to contain 
negligible MP contents. The stormwater used for irrigation identified PI and PB as dominant 
polymer types, followed by PVC, PE, and PP. Although A3 and B3 were not directly examined 
for MP removal, similar filters with the same design (A1, A4, B1, and B4) showed high MP 
removal efficiencies, with removal rates reaching 98–100% for most polymers, except for PE 
and PP (>83%). 

Two bioretention filters (A3 and B3) were excavated and investigated in this study based on 
their high pollutant removal performance. The filter layers had changed during the operation, 
mainly due to degradation of organic materials, and the resulting sampled layers are presented 
in Table 2.  
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Table 2 Original layers (built in 2022) and sampled layers (excavated in 2025) of A3 and B3 filters. 

Filter  Before Operation After Operation 

Depth (m) Original Layer Depth (m) Sampled Layer 

Main layer 
ash: A3 

0–0.15 Sandy loam with 
pumice stone 
(Hekla Regnbädd) 

0–0.15 Sandy loam with 
pumice stone 
(Hekla Regnbädd) 

0.15–0.70 A mixture of 35% 
Hekla Regnbädd, 
50% of MIBA, and 
15% compost 

0.15–0.35 A mixture of 35% 
Hekla Regnbädd, 
50% of MIBA, and 
15% compost 

0.35–0.55 

0.55–0.75 

0.70–0.75 Biochar  0.75–0.80 Biochar 

0.75–0.80 Peat  0.80–0.81 Peat 

 0.80–1.1 Sand/gravel  0.81–1.1 Sand/gravel 

Main Layer 
biochar: B3 

0–0.15 Sandy loam with 
pumice stone 
(Hekla Regnbädd) 

0–0.15 Sandy loam with 
pumice stone 
(Hekla Regnbädd) 

0.15–0.70 A mixture of 60% 
Hekla Regnbädd, 
40% of biochar  

 

0.15–0.30 A mixture of 60% 
Hekla Regnbädd, 
40% of biochar  

 

0.30–0.45 

0.45–0.65 

0.70–0.80 biochar 0.65–0.75 Biochar  

 0.80–1.1 Sand/gravel 0.75–1.1 Sand/gravel 

 

3.2 pH and LOI  
Samples were first dried at 105 °C for 24 h to remove water content. Subsequently, 3 g of dried 
material was transferred to a tube and mixed with 30 mL of Milli-Q water, corresponding to a 
liquid-to-solid ratio of 10:1. The tube was shaken for 10 min and then allowed to settle before 
measurement. The pH was measured using a pH meter, and one measurement was performed 
for each sample. 

Loss on ignition (LOI) is used to estimate the organic matter contents of the filter materials. 
An empty aluminum cup was weighed, after which approximately 5 g of dried sample was 
added, and the total mass was recorded. The samples were then heated in a furnace at 550 °C 
for 30 min. After cooling to room temperature, the cups were weighed. One measurement was 
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performed for each sample. The LOI was calculated as the percentage mass loss during ignition 
according to the following equation: 

#$%	(%) = !"#$#%&	()*	+,#-.$/!-"#$,(	+,#-.$
!"#$#%&	()*	+,#-.$ × 100  

3.3 Metal Contents and Particle Size Distribution 
Metal contents in the used filter materials were analyzed by an external laboratory using 
Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) according to SS-EN ISO 17294-
2:2023 and US EPA Method 200.8:1994. Samples were collected from different filter layers 
(A3 0–0.80 m and B3 0–0.75 m), and each sample was analyzed in triplicate. 

To understand metal distribution between particle sizes, dry sieving was performed on the total 
11 layers (A3 0–0.80 m and B3 0–0.75 m). All samples were processed in triplicates. The used 
filter materials were first dried in the oven at 105 °C for 24 h to remove water content. Before 
sieving, large aggregates were gently crushed using a stainless-steel spoon to release small 
particles. Samples were then sieved using a mechanical sieve shaker with a stainless-steel stack 
of 500 µm, 125 µm, and 20 µm mesh sizes. Samples were shaken for 10 min, and four size 
fractions were obtained: >500 µm, 125–500 µm, 20–125 µm, and <20 µm. After sieving, each 
fraction was weighed and collected in glass jars. The mass percentage of each fraction was 
calculated.  

The fractions < 500 µm, i.e., 125–500 µm, 20–125 µm, and <20 µm, were analyzed for metal 
content by an external laboratory using ICP-MS according to SS-EN ISO 17294-2:2023 and 
US EPA Method 200.8:1994. 

3.4 Density Separation for MP extraction 
Density separation aims to evaluate how effective MPs can be extracted using saturated sodium 
chloride (NaCl) solution. It was performed on eight layers (A3 0–0.75 m and B3 0–0.65 m), 
Table 2,  and all samples were processed in duplicates. Before density separation, the dry matter 
content of each sample was determined to calculate the approximate volume of NaCl solution 
and ultrapure water (Milli-Q) required. Approximately 2 g of wet sediment was weighted into 
an aluminum cup and dried in an oven at 105 °C for 24 h. The moisture content was calculated 
according to the following equation:  

Moisture ratio=dry sediment mass /wet sediment mass. 

Based on the measured moisture content, the volume of Milli-Q water to be added to each 
sample was calculated. Density separation was conducted following the method described by 
Claessens et al. (2011), using a soil to salt solution ratio of 1:3 (w/v). The amount of NaCl 
required to obtain a saturated solution (360 g/L) was calculated accordingly. NaCl was added 
to each sample, followed by Milli-Q water. The samples were shaken on a shaking table for 1 
h. After shaking, the samples were covered with lids and left undisturbed overnight to allow 
separation. On the following day, the supernatant was decanted. The remaining solids were 
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then washed with 1:1 (w/v) Milli-Q water to remove residual salt, and shaken for 10 min, and 
left to settle for 2–3 hours (Figure 1). The washed solid samples were collected and sent to an 
external laboratory using Pyro-GC-MS, for analyzing MPs (>10 µm) and rubber components 
(>10 µm), covering a total of 13 polymer types. 

 

Figure 1 Density separation conducted on the used materials from the A3 filter. Light particles floated on the surface of liquid, 
while other particles stayed in the bottom. 

3.5 Combined Acid Leaching and Density Separation 
In order to investigate the influence of treatment sequence on combined metal recovery and 
MPs removal, three different experimental sequences were designed Figure 2. 
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Figure 2 Experimental flowchart used for leaching metals and removing MPs 

1 M HCl was selected as the leaching agent due to its effective in metal extraction (Tang & 
Steenari, 2016), safer handling and the potential scaling-up. In contrast, HNO3 is strongly 
acidic and oxidizing and may generate toxic nitrogen oxide gases during operation. Also, HCl 
is widely available as an industrial byproduct (Kafle et al., 2024). A liquid-to-solid ratio of 3 
was applied in all leaching experiments. A3 filter was selected due to its high metal contents. 
For all the experiments, soil was dried in the oven at 50 °C for 24 h.  

In part 1, acid leaching was conducted after density separation. After density separation 
(described in Section 3.4), 5 g of dried sample (A3 0.15–0.35 m, A3 0.35–0.55 m, A3 0.55–
0.75 m; duplicate) was placed in plastics tubes, and 15 mL 1 M HCl was added. The treatment 
was performed in a duplicate. Samples were shaken for 1 h, then the leachate was collected 
and filtered with 0.45 µm syringe filter and stored in plastics tubes for external metal analysis.  

In part 2, acid leaching was conducted prior to density separation. 1.5 L 1 M HCl was added to 
500 g dried sample (A3 0.35–0.55 m; single sample) and was shaken for 1 h. The leachate was 
collected, filtered (0.45 µm ), and stored for metal analysis. Density separation was then 
performed on solid residues. After density separation, the solid was collected for MPs analysis. 
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In part 3, acid leaching was combined with density separation. 1.5 L 1 M HCl and 540 g NaCl 
were added to 500 g dried sample (A3 0.35–0.55 m; single sample) and shaken for 1 h, followed 
by the density separation. The washed solid was collected for both metal and MPs analysis. In 
part 3, solid samples instead of the leachate were sent for metal analysis, as the high chloride 
concentration in the leachate could potentially interfere with ICP-MS measurements. 

All samples were analyzed in external laboratories. Metal contents were analyzed using ICP-
MS, and MP contents were analyzed using Pyro-GC-MS.  

3.6 Sequential Extraction 
Sequential extraction was performed by an external laboratory on layer 0.35–0.55 m from A3 
filter to study metal binding forms and the potential mobility. The layer was chosen because of 
its high metal content, and the analysis was conducted in duplicate at external laboratory 
according to SS 028113-1. Metal concentrations in the leachates were analyzed using ICP-
SFMS, ICP-AES, and AFS depending on the target element. 

Sequential extraction includes five steps: (1) adsorbed, exchangeable metals and carbonates 
were extracted using 1.0M sodium acetate buffer (pH=5); (2) labile organic-bound forms were 
extracted using 0.1 M sodium pyrophosphate; (3) metals associated with amorphous Fe/Mn 
oxides were extracted using 0.25 M NH2OH∙HCl at 60 °C; (4) metal bound to crystalline iron 
oxides were extracted using 1.0 M NH2OH∙HCl in 25% acetic acid at 90 °C; (5) stable organic-
bound forms and sulfides were extracted using potassium chlorate in 12 M HCl followed by 4 
M HNO3 at 90 °C. 

3.7 Data Processing and Calculations  
All calculations were performed on dry substances (DS). A mass balance assumption was 
applied between the solid and liquid phases during the leaching process. 

3.7.1 Calculation of metal contents per kg of filter materials 
In the investigated A3 and B3 filters, total metal concentrations in 11 layers, as well as 
concentrations in three particle size fractions (125–500 µm, 20–125 µm, and <20 µm), were 
measured. The metal contents in the fraction >500 µm were calculated by following equation: 

12345	67832839	:8 > 500	!" = 12345	67832839	:8	37345 − (12345	67832839	:8
< 20	!" +12345	67832839	:8	20	!"~125	!"
+12345	67832839	:8	125	!"~500	!") 

The metal contents (mg/kg DS) were converted to metal contents per kg of dry filter materials. 
Based on the percentage of each size, the metal contents in each fraction were determined.  

3.7.2 Calculation of metal contents in original and used filter materials 
The metal contents of individual filter materials (e.g. biochar, Hekla Regnbädd, and MIBA) 
were known (Table 3), as well as their proportions in each layer (Table 2). Based on these 
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proportions, the expected metal contents in the original filter layers were calculated. These 
values were then compared with the measured total metal contents in the used filter materials 
to evaluate accumulation or depletion.  

To estimate the total mass of metals in each layer, the mass of the filter materials was calculated. 
The filter column has a diameter of 1m, and the thickness of each layer was obtained in Table 
3 and described in Johansson et al. (2024). Based on the layer volume and corresponding 
material densities, the mass of each layer was calculated. Compost was not included in the 
mass calculations due to the lack of reliable density data and its relatively low pollutant 
contents, as reported by Johansson et al. (2024). The metal contents (mg/kg DS) were then 
converted to metal contents (mg) in each layer. 

Table 3 Metal contents in the original filter materials 

Metals 

mg/kg 
Biochar MIBA 

Sandy Loam 
(Hekla 
Regnbädd) 

Compost 

As <LoI 40 0.93 1.40 

Cd <LoI 3.4 0.050 0.75 

Co 0.086 86 4.0 4.8 

Cr 3.2 1200 42 20 

Cu 1.7 4300 18 30 

Ni 0.18 330 22 9.1 

Pb <LoI 880 5.4 11 

Zn 13 4200 5.4 130 

 

3.7.3 Calculation of metal concentrations in leachates and treated materials 
The total metal content in the used material (mg) was calculated (see Section 3.7.2). The metal 
content in the leachate (mg) was calculated from the measured concentration (µg/L) and 
leachate volume (L). The metal content remaining in the treated material was obtained by 
subtracting the metal concentrations in the leachate from that in the used material. Metal 
contents in the treated material were then expressed as mg/kg DS by normalizing the material 
mass. 

For “Density separation + Acid Leaching” i.e. DS+AL experiment, due to the high chloride 
concentrations in the leachate, the solid samples were analyzed instead of the leachate. In this 
experiment, 500 g of solid was leached with 1.5 L of HCl, resulting in 478 g of solid after 
treatment. Based on the measured metal contents in the original and treated materials, the 
corresponding metal concentrations in the leachate were calculated.  
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4 Results and Discussion 

4.1 Material Characterization   
4.1.1 pH and LOI 
The pH and LOI results are presented in Table 4. The original pH of the sorption materials was 
9.4 for MIBA and 8.2 for biochar. The surface sandy loam layers (0–0.15 m) showed similar 
pH (6.6) and LOI (4%–5%) values in both filters. 

In the ash A3 filter, pH increased with depth. The MIBA-containing layers showed lower pH 
values than original ash materials, and the bottom biochar layer also exhibited a lower pH than 
the original biochar. The decrease of pH may be related to long-term exposure to influent 
stormwater, which has a lower pH (around 6–8) than these sorption materials, as well as the 
leaching of alkaline components from the ash material. Similarly, in biochar B3 filter, pH 
values in the biochar-containing layers and the bottom biochar layer were lower than in the 
original biochar materials. Comparing the two filters, the ash A3 filter showed higher pH values 
than the biochar B3 filter, likely due to the alkaline nature of the MIBA material. In both filters, 
LOI generally increased with depth. This trend suggests that organic matter degradation was 
more pronounced in the upper layers. Comparing the two filters, the biochar-containing layers 
showed higher LOI values than MIBA-containing layers. This difference is attributed to the 
presence of 40% biochar in the B3 filter, which contributes to the organic matter contents.  

Table 4 pH and LOI in the ash A3 filter and biochar B3 filter 

Filter Layer pH LOI 

A3 

0–0.15 sandy loam 6.6 5% 
0.15–0.35 sandy loam/MIBA (50%)/compost 8.3 5% 
0.35–0.55 sandy loam/MIBA (50%)/compost 9.0 6% 
0.55–0.75 sandy loam/MIBA (50%)/compost 9.1 7% 
0.75–0.80 biochar 7.8 27% 

B3 

0–0.15 sandy loam 6.6 4% 
0.15–0.30 sandy loam/biochar (40%) 6.6 13% 
0.30–0.45 sandy loam/biochar (40%) 6.4 13% 
0.45–0.60 sandy loam/biochar (40%) 6.8 16% 
0.65–0.75 biochar 6.0 22% 

 

4.1.2 MP contents in the depth profiles 
Microplastics were quantified in all four layers of the ash A3 filter, i.e. 0–0.15 m (sandy loam), 
and three middle layers (sandy loam/MIBA/compost) including 0.15–0.35 m, 0.35–0.55 m, and 
0.55–0.75 m, see Figure 3. Detail results are presented in Appendix 3. The dominant polymer 
types were polyethylene (PE), polypropylene (PP), and polystyrene (PS), which are commonly 
reported in urban environments (Lange et al., 2023;  Liu et al., 2019). Polypropylene occurred 
in the highest content, reaching 10000 µg/kg	DS in the three-middle MIBA. Polyethylene has 
relatively similar contents in the 0–0.15 m, 0.35–0.55 m and 0.55–0.75 m layers, while contents 
in the 0.15–0.35 m layer were below the limit of quantification (LoQ). For PS, the highest 
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contents showed in the layer 0.15–0.35 m (around 3000 µg/kg	DS), but it is much lower in 
other layers. For rubber components, only the top layer contains detectable levels. Polyisoprene 
(PI) has a high content (around 1200 µg/kg	DS), followed by polybutadiene (PB) and styrene-
butadiene rubber (SBR).  

 

Figure 3 Microplastic contents in different layers with depth of the filter ash A3 filter  

In the biochar filter B3, MPs were only quantified in the top layer, while concentrations in the 
deeper layers were below the LoQ, see Figure 4. The absence of MPs > LoQ in deeper layers 
may be related to methodological limitations and analytical constraints associated with MP 
identification in complex matrices such as biochar. In the top layer, PP and PS were the only 
identified polymer types. Rubber components were only found in the top layer, like the ash A3 
filter, and PI occurred in the highest contents (around 1500 µg/kg	DS), followed by PB and 
SBR. Biochar has been reported as an effective adsorbent for MP removal. However, most 
previous studies focused on MP concentrations in inflow and outflow water, while few studies 
have examined MP accumulation within the filter layer or the biochar material itself after use. 
One study reported that MPs could be stuck, trapped, and entangled within biochar (Wang et 
al., 2020).  
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Figure 4 Microplastic contents in different layers of the biochar B3 filter. Microplastics were only found in 0–0.15 m sandy 
loam layer. 

Comparison between the filters 
Due to the lack of MPs in the deeper layers of the biochar filter B3, the direct comparison 
between the two filters is primarily limited to the topsoil layers, see Figure 5. The dominant 
polymers identified in this study, including PP, PE, and PS, are commonly reported in urban 
environments (Wang et al., 2022). In this layer, the ash A3 filter shows substantially higher 
MP content compared to B3. In contrast, rubber contents were within a similar level in both 
filters. Since the topsoil layers of A3 and B3 consist of identical materials and were exposed to 
the same stormwater, similar MP levels are expected. One possible explanation for the higher 
MP contents in A3 is that some MPs originated from the MIBA material itself, since studies 
have reported that the incineration process may not completely eliminate MPs (Shen et al., 
2021;  Yang et al., 2021). Although unlikely, transport or redistribution of nanoplastics 
particles within the filter system through plant-related processes cannot be excluded (Azeem 
et al., 2021). The rubber polymers found were likely associated with tyre and road wear 
particles from stormwater runoff, such as SBR, PB, and PI, which are commonly reported in 
urban environments (Galfi et al., 2025; Järlskog et al., 2020). The similar rubber content 
observed in both filters suggests that these particles were mainly from stormwater runoff and 
were effectively retained near the surface layer. Many studies have also reported that MPs tend 
to be accumulated in surface layers and decrease with depth in bioretention filters (Koutnik et 
al., 2022; Lange et al., 2023). In our case, the B3 filter generally follows this pattern, with MPs 
only quantified in the top layer. In contrast, the A3 filter did not show a clear depth-dependent 
decrease, as relatively high MPs are observed in deeper layers compared to the upper layer. 
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Previous monitoring of similar bioretention filters with the same design as A3 and B3 showed 
high removal efficiencies for MPs in outgoing water (Johansson et al., 2024). This indicates 
that MPs were largely retained with the filters rather than transported through the systems. 
Microplastics analysis in complex matrices such as biochar and MIBA remains analytically 
challenging, and the reported MP contents should be regarded as indicative rather than the 
absolute values.    

 

Figure 5 Comparison of MP contents in the ash A3 filter and the biochar B3 filter, in layer 0-0.15 m with sandy loam. 

4.1.3 Metal contents along the depth profiles   
The distribution of trace metals (As, Ba, Cd, Co, Cr, Hg, Ni, Pb, W, V, Sn, and Zn) within the 
filters was investigated. The complete results are provided in Appendix 1 and Appendix 2. The 
discussion below mainly focuses on trace metals with high concentrations, including Cd, Co, 
Cr, Cu, Ni, Pb, Zn. These metals are commonly reported among the dominant traffic-related 
metals in stormwater and roadside ditches (Polukarova et al., 2025). Metal contents were 
compared with the Swedish guideline values for contaminated land under less sensitive land 
use (MKM, mindre känslig markanvändning) (Naturvårdsverkets Generella Riktvärden För 
Förorenad Mark (mg/kg TS), 2025).  

Trafficked-related metals, including Ba, Cd, Cr, Co, Cu, Pb, Ni and Zn (Hanfi et al., 2019), 
exceeded the MKM guideline values in most layers of the ash A3 filter. These metals were 
selected for further discussion, see Figure 6. Overall, the top layer that consists of sandy loam 
had lower metal contents than the three middle layers that consist of 50% MIBA, which is 
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expected and attributed to the presence of metals in the MIBA materials. Among the middle 
layers that consisted of sandy loam, MIBA, and compost, the 0.35–0.55 m layer exhibited the 
highest contents, followed by the 0.55–0.75 m layer. In layer at 0.35–0.55 m, Zn showed the 
highest metal content among all metals, with 3622 mg/kg, followed by Cu, Cr, Pb, Ni, and Cr. 
The layer at 0.15–0.35 m (sandy loam), showed lower contents than the 0.35–0.55 m layer and 
the 0.55–0.75 m layer, which may suggest downward migration of metals released either from 
the MIBA material or from infiltrated stormwater, resulting in accumulation in the deeper 
layers. The bottom layer that consists of pure biochar, also showed higher metal contents than 
the top layer, which further indicates the downward transport and retention of metal within the 
filter profile.  

Regarding particle size distribution, metal concentrations generally increased with decreasing 
particle size in most layers. This trend is expected due to the larger specific area and sorption 
capacity of finer particles (Huang et al., 2020). In the bottom biochar layer, however, some 
larger fractions (125–500 µm, 20–125 µm) had higher metal contents than the smallest fraction 
for most metals. This may partly be explained by agglomeration of fine particles under pressure 
in the bottom layer, causing small metal-rich particles to remain attached to larger particles 
during sieving and thereby resulting in higher metal contents in the larger fractions. 

 

Figure 6 Metal contents in the ash A3 filter, regarding different layers and different size fractions. “DS” = dry substance, 
"total"=the metal contents in un-sieved materials, "<20"=particle size smaller than 20 !", "20–125"=particle size between 
20–125 !", "125–500"=particle size between 125–500  !". 

0 2000 4000 6000 8000 10000 12000

0-0.15 total
<20

20-125
125-500

0.15-0.35 total
<20

20-125
125-500

0.35-0.55 total
<20

20-125
125-500

0.55-0.75 total
<20

20-125
125-500

0.75-0.80 total
<20

20-125
125-500

Metal contents in A3 (mg/kg DS)

Cd Co Cr Cu Ni Pb Zn



25 

 
 

 

 

Filter with biochar as the major materials, the B3 filter, only Ba exceeded the MKM guideline 
value in the biochar B3 filter. Although Ba is an abundant element in the earth’s crust (Peana 
et al., 2021), it has been reported to be associated with non-exhaust vehicle emissions such as 
brake wear (Gietl et al., 2010). In general, metal contents decreased with depth, see Figure 7, 
which is consistent with observations reported in previous studies of bioretention systems and 
indicates that the accumulated metals mainly originated from stormwater inflow. The surface 
layer showed the highest metal contents, with Zn reaching 88 mg/kg, followed by Cr, Cu, Pb, 
Ni, and Cd. The three middle layers showed a slight decrease with depth but generally exhibited 
similar levels of metal contents, while the bottom layer showed the lowest contents. Similar to 
the ash A3 filter, metal contents generally increased with decreasing particle size, with the 
highest metal contents observed in the finest fractions. For Ni, the finest fraction in the bottom 
layer had the highest metal content (27 mg/kg) among all layers. Since this pattern was not 
observed for other metals or layers, it may represent an outlier.  

 

Figure 7 Metal contents in the biochar B3 filter, regarding different layers and different size fractions. “DS” = dry substance, 
"total"=the metal contents in un-sieved materials, "<20"=particle size smaller than 20 !", "20–125"=particle size between 
20–125 !", "125–500"=particle size between 125–500  !". 

Comparison between filters 
The observed depth profiles in both the ash A3 and biochar B3 filters suggest downward 
migration of metals originating either from stormwater input or from the MIBA-containing 
layers. Similar depth-dependent patterns have been reported in previous studies on bioretention 
systems. For example, Kluge et al. (2018) investigated bioretention systems that had operated 
for more than 10 years and found that most metal accumulations were concentrated within the 
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upper 20cm of the filter profile, while concentrations decreased rapidly with depth. 
Comparable trends of decreasing metal contents with depth have also been reported by Al-
Ameri et al. (2018), Gilbreath et al. (2019) and Chu et al. (2021).  

In the surface layer, the two filters generally showed a similar level of metal contents, while in 
the sorbent-containing layers, the A3 filter contained much higher metal contents than the B3 
filter. The large difference between the two filters is likely related to their different material 
compositions. The A3 filter contains MIBA in the middle layers, which is known to contain 
metal contents and may release metals (Karlfeldt Fedje et al., 2021;  Zhang et al., 2008)). 
Comparison of the surface layers between the two filters is more relevant, as both filters contain 
the same materials in this layer and were exposed to the same stormwater. In general, most 
metals showed relatively similar contents between the two filters. Copper and Zn showed 
noticeably higher contents in the A3 filter, with Cu reaching 86 mg/kg in A3 compared with 
23 mg/kg in B3, Zn reaching 162 mg/kg in A3 compared with 88 mg/kg in B3. Since the surface 
layer and the conditions were identical, such differences were not expected. 

One possible explanation is that plant-related water transport processes were involved, such as 
hydraulic lift, where water is transported upwards through root systems from the moist 
subsurface layer to the drier surface layer, and the lifted water can be released into the soil to 
support the plants during dry days (Liste & White, 2008). In the A3 filter, MIBA materials 
originally contained metals, which may have contributed to the elevated metal contents in the 
surface layer through this process. Zinc and Cu had the highest metal contents in both filters. 
Sequential extraction results showed that Zn in the MIBA materials was relatively mobile 
(Figure 11), and the mobility of Cu may also increase in the presence of organic matter. During 
excavation of the filters, extensive root systems were observed, with roots extending into the 
biochar layers of the filter. It is therefore possible that dissolved metals migrated within the 
filters and were redistributed in the surface layer. 

Based on the proportion of each size fraction, the corresponding metal contents per 1 kg of dry 
filter materials were calculated (Figure 8 and Figure 9). Although the smallest fraction showed 
the highest metal contents in most layers, this fraction accounted for only about 1% of the total 
dry mass in each layer in both kinds of filters (Table 5 and Table 6), i.e., approximately 0–8 g 
of metals in 1 kg of filter materials. In contrast, the larger fractions such as 125–500 µm, 20–
125 µm  accounted for approximately 87%–95% of the total dry mass. Consequently, the 
majority of the total metal contents were associated with the larger particle fractions, especially 
with >500 µm in both the ash and biochar filter. This suggests that removing only the finest 
particle fraction is insufficient to reduce contamination levels. Further fractionation of 
particles >500 µm  is needed to identify size ranges with lower pollutant contents and 
sufficiently large material quantities for potential separation and management.   
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Table 5 The proportion of different size fractions in different layers of the ash A3 filter 

Size  
fraction 

 
0–0.15 m   

 
0.15–0.35 m 

 
0.35–0.55 m 

 
0.55–0.75 m 

 
0.75–0.80 m 

(µm)  Sandy loam Sandy loam/MIBA (50%)/compost Biochar 

>500 38% 50% 64% 64% 87% 
125–500 49% 39% 28% 28% 8% 
20–125 12% 10% 8% 7% 4% 
<20 1% 1% 1% 1% 1% 

 

Table 6 The proportion of different size fractions in different layers of the biochar B3 filter 

Size  
fraction 

 
0–0.15 m 

 
0.15–0.30 m 

 
0.30–0.45 m 

 
0.45–0.65 m 

 
0.65–0.75 m 

(µm)  Sandy loam Sandy loam/biochar (40%) Biochar 

>500 40% 46% 47% 49% 79% 
125–500 47% 42% 41% 40% 14% 
20–125 12% 11% 10% 10% 6% 
<20 1% 1% 2% 1% 1% 
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Figure 8 Metal contents in 1 kg/dried materials in the corresponding layers, in the ash A3 filter. “DS” = dry substance, 
"total"=the metal contents in un-sieved materials, "<20"=particle size smaller than 20 !", "20–125"=particle size between 
20–125 !", "125–500"=particle size between 125–500  !". 
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Figure 9 Metal contents in 1 kg of dried materials in the corresponding layers, in the biochar B3 filter. “DS” = dry substance, 
"total"=the metal contents in un-sieved materials, "<20"=particle size smaller than 20 !", "20–125"=particle size between 
20–125 !", "125–500"=particle size between 125–500  !". 

4.1.4 Comparison of metal contents in the used materials and original materials 
Metal contents in the original and used materials were compared, as shown in Figure 10.  

The ash A3 filter showed a clear pattern of metal migration can be observed along the depth 
gradient, see Figure 10. In the top sandy loam layer (0–0.15 m), most metals contents increased 
compared with the initial material due to the stormwater addition. The largest increase was 
observed for Zn (157 mg/kg), followed by Cu (48 mg/kg), while As and Ni showed a slight 
decrease of 1 mg/kg and 9 mg/kg, respectively. The three following layers contained a mixture 
of sandy loam, MIBA, and compost. In the 0.15–0.35 m layer, all metals showed a substantial 
decrease, ranging from 1 to 1260 mg/kg. The largest decrease was observed for Cu (1260 
mg/kg), followed by Zn (896 mg/kg) and Cr (464 mg/kg). This pattern suggests leaching metals 
from the MIBA materials. Increased metal contents observed in the 0.35–0.55 m layer indicate 
possible downward migration from the upper layers. Further down, in the 0.55–0.75 m layer, 
both increases and decreases are observed, which can indicate a combination of downward 
transport from upper layers and release from the MIBA layer itself. Altogether, metals 
originating from stormwater and/or released from MIBA accumulated in the biochar layer 
(0.75–0.80 m), where all metals showed increased contents. The biochar layer acted as a sink 
for metals transported downwards through the filter profile. The accumulation of metals in the 
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biochar layer also indicates a potential for resource recovery, as the used biochar could be 
replaced during filter maintenance and utilized for metal recovery. 

In biochar B3 filter, the three middle layers contained a mixture of sandy loam and biochar. 
Most metals showed increased content in all layers, see Figure 10, although the depth profiles 
differed between metals. Like the ash A3 filter, Zn showed the largest increase in the top layer 
(80 mg/kg), and gradually smaller increases with depth. Similar patterns were observed for Cu, 
Pb, and Cd. In contrast, Cr showed increasing contents with depth, reaching the highest 
increase in the sandy loam/40% biochar 0.30–0.45 m layer (23 mg/kg), followed by a decrease 
in the 0.45–0.65 m layer (0.7 mg/kg) and then an increase in the pure biochar 0.65–0.75 m 
layer (7 mg/kg). The decreased contents were observed for As and Ni. All metals showed 
increased contents in the pure biochar layer 0.75–0.80 m, with Cr increasing by around 7 mg/kg 
and Cu and Zn increasing by around 6 mg/kg. 

 

Figure 10 Comparison of metal contents in the original materials and the used materials in different depth layers of the ash 
A3 filter and biochar B3 filter 

Comparison between filters 
Both similarities and differences can be identified. In both systems, most metals increased in 
the top layer, and Cr, Cu, and Zn exhibited significant changes in all layers. Nickel showed a 
decrease in the top layer of both ash A3 and Biochar B3 filters, as well as most layers in the 
B3 filter, which may be associated with the release of Ni previously reported for Hekla 
Regnbädd materials (Søberg et al., 2019). The top layers of A3 and B3 filters have identical 
materials and therefore showed generally similar metal concentrations. However, again, Cu 
and Zn concentrations differed considerably between filters. Copper contents are 
approximately three times higher in the top layer of A3, and Zn contents are about two times 
higher compared to B3.  Differences between the two filters become more apparent in the 
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middle layers. The presence of MIBA in A3 leads to the release of metals, whereas biochar in 
B3 is less likely to contribute to metal release, resulting in different patterns.  

4.1.5 Sequential extraction 
Sequential extraction was conducted on the layer 0.35–0.55 m (sandy loam/MIBA/compost) in 
A3 filter, as this layer contained the highest metal contents and was initially expected to have 
the highest mobility, as metals released from the overlying 0.15–0.35 m sandy 
loam/MIBA/compost layer were assumed to migrate downwards into this layer in more mobile 
and less bound forms. The results are presented in Figure 11, and the detailed data is provided 
in Appendix 5. Cadmium and Zn exhibit high mobility, with more than 50% present in the 
adsorbed and exchangeable fractions, and carbonates (step 1). This high proportion would 
suggest high leachability of these metals, while elevated concentrations of Cd and Zn were not 
observed in the filter effluent. One possible explanation is the difference between sequential 
extraction procedures and actual filtration conditions. Sequential extraction involves intensive 
chemical processes and vigorous shaking, which may enhance metal release compared to the 
slower and less aggressive processes occurring during water infiltration through the filters. 
Chromium and Ni were relatively stable, as less than 10% present in the exchangeable fraction, 
and the majority is associated with more stable fractions (steps 4 and 5). For Pb and Cu, 
approximately 20–30% were present in the exchangeable fraction, while more than 50% were 
present in stable fractions (steps 4 and 5). For most elements, the proportion in step 2 (labile 
organic fraction) was below 10%, suggesting that organic matter had a limited influence on 
metal binding. This may be related to the degradation of compost and/or the incineration, which 
had combusted organic matter. 
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Figure 11 Sequential extraction distribution in the used ash A3 filter 0.35–0.55 m. This layer consisted of 50% MIBA, 35% 
sandy loam, and 15% of compost.  Step 1: adsorbed, exchangeable metals and carbonates; Step 2:  labile organic-bound 
forms; Step3: metals associated with amorphous Fe/Mn oxides; Step 4: metals bound to crystalline iron oxides; Step 5: stable 
organic-bound forms and sulfides. 

A previous study conducted by Karlfeldt Fedje et al. (2021) on fresh and pure MIBA from the 
same treatment plant, showed generally similar fractionation patterns for several elements, see 
Figure 12. The materials in this study consisted of MIBA mixed with sandy loam and compost. 
In both studies, Zn and Cd are mainly present in exchangeable forms, with around 65% of Cd 
present in step 1 for both materials, and Zn accounted for 67% in fresh MIBA and 59% in the 
used material. Nickel and Cr are mainly in stable forms in both materials. Copper was 
predominantly associated with stable fractions in both fresh MIBA and this layer, while the 
proportion of exchangeable Cu (step1) increased in the used material (from around 10% in 
fresh MIBA to around 20% in this layer).  
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Figure 12 Sequential extraction distribution in fresh and pure MIBA.  Step 1: adsorbed, exchangeable metals and carbonates; 
Step 2: labile organic-bound forms; Step 3: metals associated with amorphous Fe/Mn oxides; Step 4: metal bound to 
crystalline iron oxides: Step 5: stable organic-bound forms and sulfides. 

4.2 Treatment of the Filter Materials  
4.2.1 Density separation for MP recovery  
No consistent trend in polymer contents was observed after density separation (Figure 13). The 
detailed results are presented in Appendix 4. While certain polymers showed a great decrease 
after treatment, others remained relatively unchanged or even increased compared to the 
untreated samples. In general, most layers in the ash A3 filter showed decreased total polymer 
contents after treatment, whereas slight increases were observed in some layers and polymer 
types. Despite being below the LoQ in untreated samples, some polymers were found after 
treatment, such as PVC and ABS. Noticeable decreases were observed for several low-density 
polymers, particularly for PE and PP, showing that NaCl treatment was capable of separating 
at least part of these polymers from the filter materials. However, rubber components remained 
relatively similar before and after density separation. Although polymers such as PI, PB, and 
SBR have a density lower than 1 g/cm3, these compounds are commonly used as markers for 
tyre and road wear particles in pyro-GC-MS analyses rather than rubber particles themselves. 
Tyre and road wear particles exhibit higher densities in the range of 1.3–1.7 g/cm3 (Klöckner 
et al., 2021). Consequently, these particles would not be expected to float in saturated NaCl 
solution, which may explain the limited separation observed here. Higher density solutions 
such as ZnCl2 and NaI could potentially separate TRWP, but these solutions are generally more 
expensive and hazardous than NaCl. Since the study aims to evaluate treatment approaches 
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with potential for larger-scale applications, NaCl was selected due to its low-cost availability 
and ease of handling. 

 

Figure 13 Comparison of MP contents in the ash A3 filter before and after density separation (DS).  

In the biochar B3 filter, MPs were only quantified in the top layer after treatment, while 
contents in deeper layers remained below the LoQ, see Figure 14. Unlike the ash A3 filter, 
where total polymer contents generally decreased after treatment, no clear reduction trend was 
observed in B3. In the top layer, several polymers showed increased contents after treatment, 
such as PP, PVC, and PMMA, resulting in an overall increase in total polymer contents. For 
rubber polymers, PI and PB decreased, whereas SBR increased, resulting in a slight overall 
decrease in the total rubber content.  
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Figure 14 Comparison of MP contents in the biochar B3 filter before and after density separation (DS). Only the sandy loam 
0-0.15 m had content > LoQ. 

A saturated NaCl solution was used in this study due to its ability to separate low-density MPs 
from soil and sediment matrices. Previous studies have shown that NaCl can effectively recover 
low-density polymers such as PP and PE, with recovery rates up to 90% reported for sandy 
matrices (Schütze et al., 2022). Since PP and PE are among the most frequently reported 
polymers in urban stormwater environments ( Liu et al., 2019), density separation using NaCl 
was expected to remove these polymers in the treated materials. Overall, the results suggest 
that this method can partially remove certain low-density polymers from the used filter 
materials, but the effectiveness appears to vary considerably depending on polymer types and 
different matrices. 

After density separation, polymer contents in the sandy loam top layer become more 
comparable between A3 and B3 than in the untreated samples (Figure 15), as discussed in 
Section 4.1.2, although slightly higher values were observed in B3. Rubber contents were at 
similar levels in both filters, and no universal trend could be identified following density 
separation. While certain polymers showed substantial increases after treatment, others 
remained relatively unchanged or even increased. Similar patterns were also observed in the 
untreated materials, particularly for the B3 filter, where MPs were rarely <LoQ in deeper layers. 
These inconsistencies suggest that analysis of MPs in complex matrices such as biochar, MIBA, 
and soil materials is strongly influenced by methodological and analytical limitations. Density 
separation using NaCl may partially reduce matrix interference and disrupted particle 
aggregates, thereby improving the quantification of certain MPs during the analytical 
procedure. Consequently, the absence of MPs in the untreated samples does not necessarily 
indicate the complete absence of MPs in the materials.  
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Figure 15 Comparison of MPs contents in the sandy loam 0–0.15 m layer of the ash A3 and biochar B3 filter, after density 
separation with NaCl. Layer 0–0.15 m contains 100% sandy loam in both filters. 

4.2.2 Acid leaching combined with density separation 
Density separation, as discussed in 4.2.1, was conducted on three ash A3 filter layers (0.15–
0.35 m, 0.35–0.55 m, 0.55–0.75 m), with a mixture of sandy loam/MIBA/compost. To study 
the opportunity to also recover metals from the ash, these layers were exposed to acid leaching 
in different combinations, see Section 3.5 for details. The metal contents in the different ash 
layers i.e. 0.15–0.35 m, 0.35–0.55 m, 0.55–0.75 m, are discussed in Section 4.1.3. From a metal 
recovery perspective, Cu, Pb, and Zn are most interesting due to their higher contents 
(compared to As, Cd, Co, and Ni) and potential value (compared to Cr). Consequently, the 
discussion below focuses on Cu, Pb, and Zn. The complete results are presented in Appendix 
6. 

4.2.2.1 Density separation –> Acid leaching 
The first set of acid leaching tests was done on the three ash layers that had previously been 
exposed to density separation. Metal concentrations in the leachate are presented in Figure 16. 
Zinc and Cu showed the highest concentrations in the leachate, with Zn ranging from 259 to 
480 mg/L and Cu ranging from 100 to 247 mg/L. This is consistent with their higher contents 
in the used materials. Lead showed concentrations ranging from 24 to 40 mg/L, while other 
metals generally were below 10 mg/L. To evaluate metal mobility, leaching efficiencies were 
calculated by comparing metal concentrations in the leachates with metal contents in the 
corresponding used materials, see Figure 17. The term "used materials" here refers to the filter 
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materials excavated from the bioretention filter after operation. Across all layers, Zn showed 
the highest leaching efficiency, ranging from 28% to 63%, while Cu and Pb showed similar 
efficiencies, ranging from 20% to 40%. A clear trend was observed among the three layers 
sandy loam/MIBA/compost: the 0.35–0.55 m layer showed lower leaching efficiency 
compared with the other layers. As discussed earlier for the ash A3 filter, higher metal contents 
were observed in the layer 0.35–0.55 m. Metal released from the 0.15–0.35 m sandy loam layer 
and/or introduced through stormwater appeared to migrate into the 0.35–0.55 m layer, which 
could initially suggest relatively high metal mobility within this layer. However, the lowest 
leaching efficiency was observed, indicating that these metals are more stable in this layer.  

Sequential extraction of the 0.35–0.55 m layer showed that around 65% of Cd, 60% of Zn, 40% 
of Pb, and 30% of Cu were associated with adsorbed and exchangeable fractions, and 
carbonates (Figure 11). Zinc showed the highest concentrations in the leachate, which aligns 
with its relatively high proportion in mobile fractions. High leachability of Cd and Zn could be 
expected, but this is not clearly reflected in Cd concentrations in the leachate. Again, as we 
discussed in Section 4.1.5, that sequential extraction is conducted under controlled conditions, 
and its procedures involve strong chemicals and intensive shaking, whereas acid leaching in 
our study is exposed to less aggressive conditions. A high proportion of metals in exchangeable 
fractions does not directly and necessarily result in high metal leaching during the filter 
operation and acid leaching. The results of sequential extraction should be indicative rather 
than predictive. Since sequential extraction was only conducted for the 0.35–0.55 m layer, 
further comparison of metal speciation and mobility between layers was not possible.  
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Figure 16 Metal concentrations in the leachate of the three different layers in the ash A3 filter. "DS––>AL"=density separation 
prior to acid leaching. All three layers contain 50% MIBA, 35% sandy loam, and 15% compost. 
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Figure 17 Metal leaching efficiency of the three different layers in the A3 filter. "DS––>AL"=density separation prior to acid 
leaching. All three layers contain 50% MIBA, 35% sandy loam, and 15% compost. 

Comparison of three treatment sequences in layer A3 0.35–0.55 m 
The 0.35–0.55 m sandy loam/MIBA/compost layer was selected to evaluate leaching 
performance under three different treatment sequences, as this layer contains higher metal 
contents and metals in this layer were initially expected to be more mobile, see Figure 18 and 
Figure 19. The treatment sequences included: acid leaching followed by density separation 
(AL–>DS), density separation followed by acid leaching (DS–>AL), and simultaneous density 
separation and acid leaching (DS+AL). See Section 3 for more details.  

An obvious difference is observed between the three treatment sequences, where DS+AL is the 
overall best procedure, Figure 18. For Zn and Pb, a consistent trend is identified: DS+AL 
results in the highest leached concentrations and leaching efficiencies, followed by DS–>AL 
and then AL–>DS. For Cu, DS–>AL had slightly higher values than AL–>DS and DS+AL. A 
reason for the lower mobility in the AL–>DS sequence is that the leachates were collected after 
acid leaching but before density separation and were therefore not influenced by NaCl. This 
sequence shows the lowest leaching efficiency. One possible explanation is that the presence 
of NaCl during density separation enhanced metal mobilization and subsequent leaching. This 
observation is consistent with previous studies investigating the influence of deicing salts on 
metal mobility. Bäckström et al. (2004) reported that concentrations of Cd, Cu, Pb, and Zn in 
soil solutions were strongly related to the use of deicing agents (e.g., NaCl). Li et al. (2015) 
also observed elevated Cd and Pb concentrations in NaCl leachates. Possible mobilization 

0%

10%

20%

30%

40%

50%

60%

70%

Cu Pb Zn

Leaching efficiency of DS-->AL treatment in the A3 filter

A3 0.15-0.35

A3 0.35-0.55

A3 0.55-0.75



40 

 
 

 

 

mechanisms include ion exchange, chloride complex formation, lowered pH and colloid 
dispersion (Bäckström et al., 2004; Flanagan et al., 2019). In the present study, pH was tested 
before and after treatment using pH paper. It showed no clear differences before and after NaCl 
treatment, with leachates remaining highly acidic (around pH 1).  

A reason for the lower mobility in the DS–>AL sequence can be found in the sequential 
extraction results, which showed that around 60% of Zn, 40% of Pb, and 30% of Cu were 
associated with the absorbed and exchangeable fractions, and carbonates. These fractions are 
generally considered mobile and can potentially be released by water. In the DS–>AL sequence, 
density separation was conducted prior to acid leaching, which may have allowed part of the 
adsorbed and exchangeable metals and carbonates to be removed before the acid leaching stage. 
Therefore, these metals would not have been included in the subsequent leachate analysis. In 
contrast, in the DS+AL and AL–>DS sequences, metal mobilized during the treatment 
remained within the analyzed solutions. The higher leaching efficiency observed in the DS+AL 
treatment may therefore be related to both enhanced metal mobilization in the presence of NaCl 
and to the retention of mobilized metals within the analyzed leachate phase. 

 

Figure 18 Metal concentration in the leachate of three different treatments, performed on the 0.35–0.55 m layer. "AL––>DS"= 
acid leaching prior to density separation, "DS––>AL"=density separation prior to acid leaching, "DS+AL"=density 
separation together with acid leaching. 
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Figure 19 Metal leaching efficiency in the leachate of three different treatments, performed on the 0.35–0.55 m layer. "AL–
–>DS"= acid leaching prior to density separation, "DS––>AL"=density separation prior to acid leaching, "DS+AL"=density 
separation together with acid leaching. 

Given that the DS+AL sequence has better leaching performance, metal concentrations in the 
original materials, used materials, and treated materials (after DS+AL) were compared to 
evaluate the overall treatment effect and potential for materials reuse. For Cu and Zn, 
concentrations in the treated materials are comparable to those in the original materials, while 
Pb shows lower concentrations after treatment, see Figure 20. This indicates that the treatment 
process can potentially restore the material to a condition suitable for reuse, but a significant 
decrease in metal content is less likely. This treatment sequence showed the best overall 
performance among the investigated treatment methods for metal mobilization. Its 
performance in MP removal remains uncertain, since MP analyses were not conducted on the 
treated materials. Compared with the sequential treatment approach (DS–>AL and AL–>DS), 
simultaneous treatment may also be simpler in operation and reduce water consumption.  

However, despite the initial assumption that metals in the 0.35–0.55 m sandy 
loam/MIBA/compost layer would be more mobile, the relatively low leaching efficiency 
suggests that metals in this layer are more stably bound. In contrast, the 0.55–0.75 m sandy 
loam/MIBA/compost layer, which exhibits both high metal concentrations and higher leaching 
efficiency, may provide more favorable conditions for metal leaching and recovery. This could 
result in lower residual metal concentrations in treated materials compared to the original 
materials and is suggested to be further studied. 
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Figure 20 Metal contents in three different stages of treatment: “original” =original materials that are not used; 
"Used"=materials excavated after filter operation; "Treated"= used materials treated by density separation together with acid 
leaching. 
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5 Treatment Considerations for the Used Filter Materials  
The results of this study showed that considerable amounts of metals and MPs accumulated in 
the used bioretention filter materials during operation, which is beneficial from a stormwater 
remediation perspective but highlights the need for appropriate and safe treatment of these 
materials. Elevated metal contents were observed in both filters and in many layers, particularly 
in the middle layer that contains MIBA materials in the ash A3 filter and in the surface layer 
of the biochar B3 filter. Several metals exceeded the Swedish guideline values for less sensitive 
land use (MKM) (Naturvårdsverkets Generella Riktvärden För Förorenad Mark (mg/kg DS), 
2025), which were used in this study as reference values due to the absence of specific Swedish 
guideline values for the used bioretention filter materials. Sequential extraction further showed 
that a great proportion of some metals, such as Zn, Pb, and Cu, were associated with adsorbed 
and exchangeable metals, and carbonates. This suggests that these metals may remain 
potentially mobile and could be released under changing environmental conditions if the 
materials are improperly managed. Also, high contents of PP, PE, PS, and traffic-related rubber 
components were found in the used materials. Microplastics may pose long-term 
environmental risks due to their persistence, potential uptake by organisms, and their ability to 
act as vectors for metals and OPs (Yu et al., 2019), which may further complicate the disposal 
and reuse of contaminated filter materials. 

Currently, post-treatment strategies for contaminated bioretention materials are rarely reported 
in the literature. Several studies have reported that pollutants tend to accumulate in the upper 
layers of bioretention filters and have recommended replacing these layers every 5–10 years, 
but information on the further management of the removed materials remains limited. In 
general, filter materials should first be tested for contaminant concentration, leachability, and 
toxicity. Based on the results and local regulations, materials may require management as 
contaminated or potentially hazardous waste. Possible management pathways may include 
landfilling, regeneration by thermal or chemical treatment, or reuse as construction materials 
(Eliche-Quesada et al., 2012; Pan et al., 2017; Watson et al., 2022).  

This chapter, therefore, explores an integrated and sustainable post-treatment pathway for used 
bioretention filter materials, aiming not only to remove or degrade accumulated OPs and MPs, 
but also to recover valuable metals. Based on materials composition, the used filter materials 
can be broadly categorized into inorganic materials (e.g., soils and MIBA) and organic 
materials (e.g., biochar, peat, and plants). Considering the different properties of these 
materials, separate post-treatment strategies are proposed and discussed in the following 
sections.  

5.1 Organic Materials 
Organic materials in these filters include vegetation, pure biochar layers, and Sphagnum peat 
layers. In the present study, only the biochar layer was investigated. As discussed previously, 
biochar acted as a sink and accumulated great amounts of metals, particularly Zn, Cu, Pb and 
Ni. These accumulated metals may be considered potential secondary resources. Traffic-related 
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metals such as Cu, Zn, Pb and Ni are valuable industrial resources with increasing global 
demand (Elshkaki et al., 2018; Tominc et al., 2023).  

Incineration may represent a feasible post-treatment option for these organic materials due to 
their relatively high combustible contents (Sabbas et al., 2003). Incineration is typically 
conducted at temperatures of approximately 800–1200 °G under aerobic conditions and can 
reduce waste volume by up to 90% while enabling energy recovery in waste-to-energy (WtE) 
plants (Bruno et al., 2021; Chen et al., 2014).  Simultaneously, it reduces the volume of organic 
materials, degrades OPs and most MPs, and concentrates metals in the resulting ash (Kovacs 
et al., 2013), thereby facilitating the subsequent metal recovery. Previous studies have shown 
that metal recovery from waste materials, such as energy-from-waste ash, can have both 
environmental (e.g., reduced CO2 emission) and economic (e.g., expense reduction) benefits 
compared to landfilling (Bakalár et al., 2021; Boesch et al., 2014; Fedje et al., 2014). Following 
incineration, metals can potentially be recovered from metal-enriched ash fractions. Such ash 
has been described as a bio-ore for metal recovery (Karlfeldt Fedje et al., 2021). 
Hydrometallurgy can be applied for metal extraction from fly ash. For example, in Switzerland, 
municipal solid waste incineration fly ash is commonly treated using the acidic FLUWA 
process, achieving metal recovery rates ranging from 30% to 91% (Weibel et al., 2021). 
Similarly, studies in Sweden have reported Zn recovery rates of up to 70% using acidic leaching 
and chemical precipitation combined with re-incineration of the washed fly ash to produce less 
toxic bottom ash (Karlfeldt Fedje & Andersson, 2020). 

Despite these potential advantages, incineration also presents limitations and environmental 
compromises. Waste incineration contributes to greenhouse gas emissions and requires 
substantial energy input and controlled operating conditions (Sabbas et al., 2003). Although 
previous life cycle assessment (LCA) studies have suggested that incineration combined with 
energy and metal recovery may provide environmental benefits compared with landfilling 
(Boesch et al., 2014), LCA studies specifically addressing combined incineration and metal 
recovery from contaminated solid waste remain limited. Further research is needed to evaluate 
the long-term environmental and economic performance of such treatment pathways. 

5.2  Inorganic Materials 
Inorganic materials in these filters mainly include sandy loam from the surface layers and the 
middle adsorbent layers, where MIBA and biochar are mixed with sandy loam. Since the 
biochar in these layers was mixed directly with sandy loam, separation of the biochar from the 
sandy matrices could be difficult and likely impractical. These mixed middle layers were 
considered together as inorganic materials in this study. These materials accumulated 
considerable amounts of traffic-related metals and MPs during operation. Direct disposal of 
contaminated filter material may be technically simple, but large material volumes may make 
landfilling economically and environmentally unfavorable.  

Based on the experimental results obtained in this study, density separation combined with acid 
leaching (DS+AL) is proposed as a potentially suitable post-treatment approach for inorganic 
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materials. In this study, HCl was selected as the leaching agent due to its relatively low cost, 
availability as a common industrial byproduct, and good metal recovery performance. Zinc 
leaching efficiencies reached up to around 60% under the tested conditions. Although 
precipitation and downstream metal recovery processes were not included experimentally in 
this study, previous studies have demonstrated the feasibility of recovering metals from metal-
enriched leachates. Various leaching agents, including inorganic agents, organic agents, 
surfactants, and compound chemical agents (Dermont et al., 2008), have been investigated for 
mobilizing metals from contaminated soil or MIBA matrices into the liquid phase, enabling 
metal recovery. For example, Meng et al. (2017) used humic substance to wash Cd-
contaminated soil and precipitated Cd from the leachate, while Fedje and Strömvall (2019) 
employed acidic industrial wastewater followed by chemical precipitation to recover Cu from 
contaminated soils. Hydrometallurgical treatment processes also involved limitations. Acid 
leaching requires large chemical consumption and generates secondary wastewater that 
requires further treatment. More sustainable hydrometallurgical approaches have been 
proposed in recent years. For example, the concept of circular hydrometallurgy introduced by 
Binnemans & Jones (2023) emphasizes principles such as reagent regeneration, waste 
prevention, and improved energy efficiency throughout the recovery process. These principles 
may provide valuable references for future development and optimization. 

Saturated NaCl solutions were applied in this study during density separation for MP removal. 
Although no consistent overall trend in MP removal efficiency could be identified due to 
analytical limitations, NaCl showed the ability to separate certain MPs from complex soil 
matrices. Density separation could also be applied to the pure biochar layer. However, due to 
the low density of biochar, it tends to float on the solution surface, reducing the effectiveness 
of the separation process. In practice, incineration may be a more feasible way for managing 
MP-contaminated biochar. As discussed earlier, NaCl may also contribute to enhanced metal 
mobilization through mechanisms such as ion exchange and chloride formation, thereby 
potentially improving metal leaching efficiency. One drawback of NaCl-based treatment is the 
generation of saline solid residues. Additional washing steps may be needed to reduce salt 
contents before final disposal, although insufficient washing could still limit the subsequent 
reuse of options and necessitate landfilling.    

5.3 Future Study 
In addition to studies about MP detection in complex matrices and post-management of 
bioretention filters, future research is also recommended on: 

• How different treatment pathways influence MP removal and metal recovery efficiency. 
• Pilot-scale validation of the proposed treatment pathways to evaluate their technical 

feasibility under more realistic operational conditions. 
• Life cycle assessment and economic analyses are recommended to evaluate the 

environmental impacts, resource efficiency, and economic feasibility of the proposed 
treatment pathways. Energy consumption, chemical use, and handling of saline residues 
should be included. 
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6 Conclusion  
This study investigated the accumulation, distribution, and characteristics of metals and MPs 
in used bioretention filter materials from two column systems containing different adsorbent 
materials. Treatment strategies for pollutant removal and potential resource recovery were 
evaluated and discussed. The conclusions corresponding to the research questions are 
summarized below. 

• RQ1: How are metals and MPs distributed along different layers of the bioretention filters, 
and what are their characteristics including metal particle size fraction and MP types? 

The results showed clear differences in pollutant distribution patterns between the MIBA-based 
(A3) and biochar-based (B3) bioretention filters. In the B3 filter, metal contents generally 
decreased with depth, suggesting that metals originated from stormwater inflow and 
accumulated in the upper filter layers. The ash A3 filter showed elevated metal contents 
throughout the filter profile, suggesting that metals originated from stormwater and were also 
released from MIBA and redistributed within the middle MIBA layers. Sequential extraction 
further showed that Cd and Zn were relatively mobile, whereas Cr and Ni were mainly 
associated with stable fractions. For both filters, although the finest particle fraction generally 
showed the highest metal contents, most of the metal load was associated with larger particle 
fractions due to their greater mass contribution. 

Microplastics and rubber particles were detected in both filters. The dominant polymer types 
identified were consistent with those commonly reported in urban stormwater environments, 
including PE, PP, PB, PI, and SBR. Microplastics analyses showed considerable variability, 
particularly in complex matrices such as biochar and MIBA. The reported MP contents should 
be interpreted as indicative rather than absolute values. 

• RQ2: How can residual MPs be effectively separated from soil and sorbent materials in the 
used bioretention filter? 

The results showed that density separation using saturated NaCl solution could partially 
separate certain low-density MPs, such as PP and PE, from the investigated filter materials. 
Rubber particles were less affected by the treatment. No consistent removal trend was observed 
across all polymers and filter layers. Microplastics separation and/or detection were strongly 
influenced by the complex composition of the filter materials, particle aggregation, and 
analytical limitations. The saline residues resulting from density separation may require extra 
washing to remove the salt.  

• RQ3: Is it possible to develop a method that effectively separates MPs and at the same time, 
recovers valuable metals from soil from the bioretention filter? 

The investigated filter materials were divided into organic and inorganic fractions. For organic 
materials, incineration appears to be a promising management method, as MPs can be degraded 
through the process and metals may potentially be recovered from the resulting ash. For the 
inorganic materials, the results showed that combined MP separation and metal recovery from 
used bioretention filter materials is technically possible. Acid leaching using HCl showed high 
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metal leaching efficiency. Density separation using NaCl may contribute not only to MP 
separation but also to enhanced metal mobilization.  

  

 

 

 

  



48 

 
 

 

 

References  
A. E., M., E. I., C., & N. A., M. (2020). Role of Microorganisms in the Degradation of 

Organic Pollutants: A Review. Energy and Environmental Engineering, 7(1), 1–11. 

https://doi.org/10.13189/eee.2020.070101 

A., G. K., K., A., M., H., K., S., & G., D. (2020). Review on plastic wastes in marine 

environment – Biodegradation and biotechnological solutions. Marine Pollution 

Bulletin, 150, 110733. https://doi.org/10.1016/j.marpolbul.2019.110733 

Ahmed, T., Shahid, M., Azeem, F., Rasul, I., Shah, A. A., Noman, M., Hameed, A., 

Manzoor, N., Manzoor, I., & Muhammad, S. (2018). Biodegradation of plastics: 

Current scenario and future prospects for environmental safety. Environmental 

Science and Pollution Research, 25(8), 7287–7298. https://doi.org/10.1007/s11356-

018-1234-9 

Al-Ameri, M., Hatt, B., Le Coustumer, S., Fletcher, T., Payne, E., & Deletic, A. (2018). 

Accumulation of heavy metals in stormwater bioretention media: A field study of 

temporal and spatial variation. Journal of Hydrology, 567, 721–731. 

https://doi.org/10.1016/j.jhydrol.2018.03.027 

Al-Amin, A., Ryan, R. J., & McKenzie, E. R. (2024). Effects of dissolved organic carbon on 

potentially toxic element desorption in stormwater bioretention systems. Science of 

The Total Environment, 912, 168651. https://doi.org/10.1016/j.scitotenv.2023.168651 

Alharbi, O. M. L., Basheer, A. A., Khattab, R. A., & Ali, I. (2018). Health and environmental 

effects of persistent organic pollutants. Journal of Molecular Liquids, 263, 442–453. 

https://doi.org/10.1016/j.molliq.2018.05.029 



49 

 
 

 

 

An, Q., Zhou, T., Wen, C., & Yan, C. (2023). The effects of microplastics on heavy metals 

bioavailability in soils: A meta-analysis. Journal of Hazardous Materials, 460, 

132369. https://doi.org/10.1016/j.jhazmat.2023.132369 

Andrady, A. L. (2011). Microplastics in the marine environment. Marine Pollution Bulletin, 

62(8), 1596–1605. https://doi.org/10.1016/j.marpolbul.2011.05.030 

Azeem, I., Adeel, M., Ahmad, M. A., Shakoor, N., Jiangcuo, G. D., Azeem, K., Ishfaq, M., 

Shakoor, A., Ayaz, M., Xu, M., & Rui, Y. (2021). Uptake and Accumulation of 

Nano/Microplastics in Plants: A Critical Review. Nanomaterials, 11(11). 

https://doi.org/10.3390/nano11112935 

Bäckström, M., Karlsson, S., Bäckman, L., Folkeson, L., & Lind, B. (2004). Mobilisation of 

heavy metals by deicing salts in a roadside environment. Water Research, 38(3), 720–

732. https://doi.org/10.1016/j.watres.2003.11.006 

Bakalár, T., Pavolová, H., Hajduová, Z., Lacko, R., & Kyšeľa, K. (2021). Metal recovery 

from municipal solid waste incineration fly ash as a tool of circular economy. Journal 

of Cleaner Production, 302, 126977. https://doi.org/10.1016/j.jclepro.2021.126977 

Beryani, A., Goldstein, A., Al-Rubaei, A. M., Viklander, M., Hunt, W. F., & Blecken, G.-T. 

(2021). Survey of the operational status of twenty-six urban stormwater biofilter 

facilities in Sweden. Journal of Environmental Management, 297, 113375. 

https://doi.org/10.1016/j.jenvman.2021.113375 

Binnemans, K., & Jones, P. T. (2023). The Twelve Principles of Circular Hydrometallurgy. 

Journal of Sustainable Metallurgy, 9(1), 1–25. https://doi.org/10.1007/s40831-022-

00636-3 



50 

 
 

 

 

Birch, Q. T., Potter, P. M., Pinto, P. X., Dionysiou, D. D., & Al-Abed, S. R. (2020). Sources, 

transport, measurement and impact of nano and microplastics in urban watersheds. 

Reviews in Environmental Science and Bio/Technology, 19(2), 275–336. 

https://doi.org/10.1007/s11157-020-09529-x 

Biswal, B. K., Vijayaraghavan, K., Tsen-Tieng, D. L., & Balasubramanian, R. (2022). 

Biochar-based bioretention systems for removal of chemical and microbial pollutants 

from stormwater: A critical review. Journal of Hazardous Materials, 422, 126886. 

https://doi.org/10.1016/j.jhazmat.2021.126886 

Boesch, M. E., Vadenbo, C., Saner, D., Huter, C., & Hellweg, S. (2014). An LCA model for 

waste incineration enhanced with new technologies for metal recovery and application 

to the case of Switzerland. Waste Management, 34(2), 378–389. 

https://doi.org/10.1016/j.wasman.2013.10.019 

Brown, P. A., Gill, S. A., & Allen, S. J. (2000). Metal removal from wastewater using peat. 

Water Research, 34(16), 3907–3916. https://doi.org/10.1016/S0043-1354(00)00152-4 

Brown, R. A., & Hunt, W. F. (2012). Improving bioretention/biofiltration performance with 

restorative maintenance. Water Science and Technology, 65(2), 361–367. 

https://doi.org/10.2166/wst.2012.860 

Bruemmer, G. W., Gerth, J., & Herms, U. (1986). Heavy metal species, mobility and 

availability in soils. Zeitschrift Für Pflanzenernährung Und Bodenkunde, 149(4), 

382–398. https://doi.org/10.1002/jpln.19861490404 

Bruno, M., Abis, M., Kuchta, K., Simon, F.-G., Grönholm, R., Hoppe, M., & Fiore, S. 

(2021). Material flow, economic and environmental assessment of municipal solid 

waste incineration bottom ash recycling potential in Europe. Journal of Cleaner 

Production, 317, 128511. https://doi.org/10.1016/j.jclepro.2021.128511 



51 

 
 

 

 

Caporale, A. G., & Violante, A. (2016). Chemical Processes Affecting the Mobility of Heavy 

Metals and Metalloids in Soil Environments. Current Pollution Reports, 2(1), 15–27. 

https://doi.org/10.1007/s40726-015-0024-y 

Chamas, A., Moon, H., Zheng, J., Qiu, Y., Tabassum, T., Jang, J. H., Abu-Omar, M., Scott, 

S. L., & Suh, S. (2020). Degradation Rates of Plastics in the Environment. ACS 

Sustainable Chemistry & Engineering, 8(9), 3494–3511. 

https://doi.org/10.1021/acssuschemeng.9b06635 

Chaplin, B. P. (2014). Critical review of electrochemical advanced oxidation processes for 

water treatment applications. Environmental Science: Processes & Impacts, 16(6), 

1182–1203. https://doi.org/10.1039/C3EM00679D 

Chatzimentor, A., Apostolopoulou, E., & Mazaris, A. D. (2020). A review of green 

infrastructure research in Europe: Challenges and opportunities. Landscape and 

Urban Planning, 198, 103775. https://doi.org/10.1016/j.landurbplan.2020.103775 

Chen, D., Yin, L., Wang, H., & He, P. (2014). Pyrolysis technologies for municipal solid 

waste: A review. Waste Management, 34(12), 2466–2486. 

https://doi.org/10.1016/j.wasman.2014.08.004 

Chen, Q., Wan, L., Zhou, H., Luo, F., Lei, L., & Wang, N. (2023). Photoelectro-Fenton 

microreactor integrated with MOF-derived porous α-Fe2O3 film for efficient 

nanoplastics degradation. Journal of Water Process Engineering, 56, 104343. 

https://doi.org/10.1016/j.jwpe.2023.104343 

Chen, Q., Yao, Y., Li, X., Lu, J., Zhou, J., & Huang, Z. (2018). Comparison of heavy metal 

removals from aqueous solutions by chemical precipitation and characteristics of 

precipitates. Journal of Water Process Engineering, 26, 289–300. 

https://doi.org/10.1016/j.jwpe.2018.11.003 



52 

 
 

 

 

Cheng, M., Zeng, G., Huang, D., Lai, C., Xu, P., Zhang, C., & Liu, Y. (2016). Hydroxyl 

radicals based advanced oxidation processes (AOPs) for remediation of soils 

contaminated with organic compounds: A review. Chemical Engineering Journal, 

284, 582–598. https://doi.org/10.1016/j.cej.2015.09.001 

Chia, R. W., Lee, J.-Y., Kim, H., & Jang, J. (2021). Microplastic pollution in soil and 

groundwater: A review. Environmental Chemistry Letters, 19(6), 4211–4224. 

https://doi.org/10.1007/s10311-021-01297-6 

Chu, Y., Yang, L., Wang, X., Wang, X., & Zhou, Y. (2021). Research on Distribution 

Characteristics, Influencing Factors, and Maintenance Effects of Heavy Metal 

Accumulation in Bioretention Systems: Critical Review. Journal of Sustainable Water 

in the Built Environment, 7(2), 03120001. https://doi.org/10.1061/JSWBAY.0000930 

Claessens, M., Meester, S. D., Landuyt, L. V., Clerck, K. D., & Janssen, C. R. (2011). 

Occurrence and distribution of microplastics in marine sediments along the Belgian 

coast. Marine Pollution Bulletin, 62(10), 2199–2204. 

https://doi.org/10.1016/j.marpolbul.2011.06.030 

Daghrir, R., Drogui, P., & Robert, D. (2012). Photoelectrocatalytic technologies for 

environmental applications. Journal of Photochemistry and Photobiology A: 

Chemistry, 238, 41–52. https://doi.org/10.1016/j.jphotochem.2012.04.009 

Davis, A. P., Hunt, W. F., Traver, R. G., & Clar, M. (2009). Bioretention Technology: 

Overview of Current Practice and Future Needs. Journal of Environmental 

Engineering, 135(3), 109–117. https://doi.org/10.1061/(ASCE)0733-

9372(2009)135:3(109) 

de Macedo, M. B., do Lago, C. A. F., & Mendiondo, E. M. (2019). Stormwater volume 

reduction and water quality improvement by bioretention: Potentials and challenges 



53 

 
 

 

 

for water security in a subtropical catchment. Science of The Total Environment, 647, 

923–931. https://doi.org/10.1016/j.scitotenv.2018.08.002 

Dermont, G., Bergeron, M., Mercier, G., & Richer-Laflèche, M. (2008). Soil washing for 

metal removal: A review of physical/chemical technologies and field applications. 

Journal of Hazardous Materials, 152(1), 1–31. 

https://doi.org/10.1016/j.jhazmat.2007.10.043 

Dombrowski, P. M., Kakarla, P., Caldicott, W., Chin, Y., Sadeghi, V., Bogdan, D., Barajas-

Rodriguez, F., & Chiang, S.-Y. (Dora). (2018). Technology review and evaluation of 

different chemical oxidation conditions on treatability of PFAS. Remediation Journal, 

28(2), 135–150. https://doi.org/10.1002/rem.21555 

Duan, X., Li, J., Li, Y., Xu, Y., Chao, S., & Shi, Y. (2024). Accumulation of typical 

persistent organic pollutants and heavy metals in bioretention facilities: Distribution, 

risk assessment, and microbial community impact. Environmental Research, 252, 

119107. https://doi.org/10.1016/j.envres.2024.119107 

Eliche-Quesada, D., Corpas-Iglesias, F. A., Pérez-Villarejo, L., & Iglesias-Godino, F. J. 

(2012). Recycling of sawdust, spent earth from oil filtration, compost and marble 

residues for brick manufacturing. Construction and Building Materials, 34, 275–284. 

https://doi.org/10.1016/j.conbuildmat.2012.02.079 

El-Nadi, Y. A. (2017). Solvent Extraction and Its Applications on Ore Processing and 

Recovery of Metals: Classical Approach. Separation & Purification Reviews, 46(3), 

195–215. https://doi.org/10.1080/15422119.2016.1240085 

Elshkaki, A., Graedel, T. E., Ciacci, L., & Reck, B. K. (2018). Resource Demand Scenarios 

for the Major Metals. Environmental Science & Technology, 52(5), 2491–2497. 

https://doi.org/10.1021/acs.est.7b05154 



54 

 
 

 

 

Esfandiar, N., & McKenzie, E. R. (2022). Bioretention soil capacity for removing nutrients, 

metals, and polycyclic aromatic hydrocarbons; roles of co-contaminants, pH, salinity 

and dissolved organic carbon. Journal of Environmental Management, 324, 116314. 

https://doi.org/10.1016/j.jenvman.2022.116314 

European Environment Agency. (2023, June 8). Economic instruments and separate 

collection systems—Key strategies to increase recycling. 

https://www.eea.europa.eu/en/analysis/publications/economic-instruments-and-

separate-collection 

European Environment Agency. (2025, April 15). Sweden profile on municipal and 

packaging waste management. https://www.eea.europa.eu/en/topics/in-depth/waste-

and-recycling/municipal-and-packaging-waste-management-country-profiles-2025/se-

municipal-waste-factsheet.pdf 

Fedje, K., Andersson, S., Modin, O., Frändegård, P., & Pettersson, A. (2014). Opportunities 

for Zn recovery from Swedish MSWI fly ashes. 

Fedje, K. K., & Strömvall, A.-M. (2019). Enhanced soil washing with copper recovery using 

chemical precipitation. Journal of Environmental Management, 236, 68–74. 

https://doi.org/10.1016/j.jenvman.2019.01.098 

Filgueiras, A. V., Lavilla, I., & Bendicho, C. (2002). Chemical sequential extraction for metal 

partitioning in environmental solid samples. Journal of Environmental Monitoring, 

4(6), 823–857. https://doi.org/10.1039/B207574C 

Flanagan, K., Branchu, P., Boudahmane, L., Caupos, E., Demare, D., Deshayes, S., Dubois, 

P., Meffray, L., Partibane, C., Saad, M., & Gromaire, M.-C. (2019). Retention and 

transport processes of particulate and dissolved micropollutants in stormwater 



55 

 
 

 

 

biofilters treating road runoff. Science of The Total Environment, 656, 1178–1190. 

https://doi.org/10.1016/j.scitotenv.2018.11.304 

Fu, L., Li, J., Wang, G., Luan, Y., & Dai, W. (2021). Adsorption behavior of organic 

pollutants on microplastics. Ecotoxicology and Environmental Safety, 217, 112207. 

https://doi.org/10.1016/j.ecoenv.2021.112207 

Funari, V., Mäkinen, J., Salminen, J., Braga, R., Dinelli, E., & Revitzer, H. (2017). Metal 

removal from Municipal Solid Waste Incineration fly ash: A comparison between 

chemical leaching and bioleaching. Waste Management, Special Thematic Issue: 

Urban Mining and Circular Economy, 60, 397–406. 

https://doi.org/10.1016/j.wasman.2016.07.025 

Furén, R., Flanagan, K., Winston, R. J., Tirpak, R. A., Dorsey, J. D., Viklander, M., & 

Blecken, G.-T. (2022). Occurrence, concentration, and distribution of 38 organic 

micropollutants in the filter material of 12 stormwater bioretention facilities. Science 

of The Total Environment, 846, 157372. 

https://doi.org/10.1016/j.scitotenv.2022.157372 

Furén, R., Österlund, H., J. Winston, R., Andrew Tirpak, R., D. Dorsey, J., Smith, J., 

Viklander, M., & Blecken, G.-T. (2023). Concentration, distribution, and fractionation 

of metals in the filter material of 29 bioretention facilities: A field study. 

Environmental Science: Water Research & Technology, 9(12), 3158–3173. 

https://doi.org/10.1039/D2EW00823H 

Galfi, H., Johansson, G., Nejstgaard, G. C., Almroth, B. C., & Strömvall, A.-M. (2025). 

Occurrence and Pathways of Microplastics in Bioretention Filters. Environmental 

Management, 76(1), 11. https://doi.org/10.1007/s00267-025-02294-z 



56 

 
 

 

 

Gaur, N., Narasimhulu, K., & Y, P. (2018). Recent advances in the bio-remediation of 

persistent organic pollutants and its effect on environment. Journal of Cleaner 

Production, 198, 1602–1631. https://doi.org/10.1016/j.jclepro.2018.07.076 

Gietl, J. K., Lawrence, R., Thorpe, A. J., & Harrison, R. M. (2010). Identification of brake 

wear particles and derivation of a quantitative tracer for brake dust at a major road. 

Atmospheric Environment, 44(2), 141–146. 

https://doi.org/10.1016/j.atmosenv.2009.10.016 

Gilbreath, A., McKee, L., Shimabuku, I., Lin, D., Werbowski, L. M., Zhu, X., Grbic, J., & 

Rochman, C. (2019). Multiyear Water Quality Performance and Mass Accumulation 

of PCBs, Mercury, Methylmercury, Copper, and Microplastics in a Bioretention Rain 

Garden. Journal of Sustainable Water in the Built Environment, 5(4), 04019004. 

https://doi.org/10.1061/JSWBAY.0000883 

Gleyzes, C., Tellier, S., & Astruc, M. (2002). Fractionation studies of trace elements in 

contaminated soils and sediments: A review of sequential extraction procedures. 

TrAC Trends in Analytical Chemistry, 21(6), 451–467. https://doi.org/10.1016/S0165-

9936(02)00603-9 

Godoy, V., Blázquez, G., Calero, M., Quesada, L., & Martín-Lara, M. A. (2019). The 

potential of microplastics as carriers of metals. Environmental Pollution, 255, 113363. 

https://doi.org/10.1016/j.envpol.2019.113363 

Green, D., O’Donnell, E., Johnson, M., Slater, L., Thorne, C., Zheng, S., Stirling, R., Chan, 

F. K. S., Li, L., & Boothroyd, R. J. (2021). Green infrastructure: The future of urban 

flood risk management? WIREs Water, 8(6), e1560. 

https://doi.org/10.1002/wat2.1560 



57 

 
 

 

 

Groh, K. J., Backhaus, T., Carney-Almroth, B., Geueke, B., Inostroza, P. A., Lennquist, A., 

Leslie, H. A., Maffini, M., Slunge, D., Trasande, L., Warhurst, A. M., & Muncke, J. 

(2019). Overview of known plastic packaging-associated chemicals and their hazards. 

Science of The Total Environment, 651, 3253–3268. 

https://doi.org/10.1016/j.scitotenv.2018.10.015 

Gudeta, K., Kumar, V., Bhagat, A., Julka, J. M., Bhat, S. A., Ameen, F., Qadri, H., Singh, S., 

& Amarowicz, R. (2023). Ecological adaptation of earthworms for coping with plant 

polyphenols, heavy metals, and microplastics in the soil: A review. Heliyon, 9(3). 

https://doi.org/10.1016/j.heliyon.2023.e14572 

Gunarathne, V., Rajapaksha, A. U., Vithanage, M., Alessi, D. S., Selvasembian, R., Naushad, 

Mu., You, S., Oleszczuk, P., & Ok, Y. S. (2022). Hydrometallurgical processes for 

heavy metals recovery from industrial sludges. Critical Reviews in Environmental 

Science and Technology, 52(6), 1022–1062. 

https://doi.org/10.1080/10643389.2020.1847949 

Guo, J.-J., Huang, X.-P., Xiang, L., Wang, Y.-Z., Li, Y.-W., Li, H., Cai, Q.-Y., Mo, C.-H., & 

Wong, M.-H. (2020). Source, migration and toxicology of microplastics in soil. 

Environment International, 137, 105263. 

https://doi.org/10.1016/j.envint.2019.105263 

Hale, R. C., Seeley, M. E., La Guardia, M. J., Mai, L., & Zeng, E. Y. (2020). A Global 

Perspective on Microplastics. Journal of Geophysical Research: Oceans, 125(1), 

e2018JC014719. https://doi.org/10.1029/2018JC014719 

Hanfi, M. Y., Mostafa, M. Y. A., & Zhukovsky, M. V. (2019). Heavy metal contamination in 

urban surface sediments: Sources, distribution, contamination control, and 



58 

 
 

 

 

remediation. Environmental Monitoring and Assessment, 192(1), 32. 

https://doi.org/10.1007/s10661-019-7947-5 

He, D., Luo, Y., Lu, S., Liu, M., Song, Y., & Lei, L. (2018). Microplastics in soils: Analytical 

methods, pollution characteristics and ecological risks. TrAC Trends in Analytical 

Chemistry, 109, 163–172. https://doi.org/10.1016/j.trac.2018.10.006 

Hildebrandt, L., Nack, F. L., Zimmermann, T., & Pröfrock, D. (2021). Microplastics as a 

Trojan horse for trace metals. Journal of Hazardous Materials Letters, 2, 100035. 

https://doi.org/10.1016/j.hazl.2021.100035 

Holmes, L. A., Turner, A., & Thompson, R. C. (2012). Adsorption of trace metals to plastic 

resin pellets in the marine environment. Environmental Pollution, 160, 42–48. 

https://doi.org/10.1016/j.envpol.2011.08.052 

Holmes, L. A., Turner, A., & Thompson, R. C. (2014). Interactions between trace metals and 

plastic production pellets under estuarine conditions. Marine Chemistry, Estuarine 

Biogeochemistry, 167, 25–32. https://doi.org/10.1016/j.marchem.2014.06.001 

Hong, S.-Y., Yoon, C.-W., Hwang, D., & Yoon, Y.-S. (2026). Characteristics of 

microplastics in municipal solid waste incineration ash in South Korea. Waste 

Management & Research, 0734242X261451611. 

https://doi.org/10.1177/0734242X261451611 

Houdeshel, C. D., Hultine, K. R., Johnson, N. C., & Pomeroy, C. A. (2015). Evaluation of 

three vegetation treatments in bioretention gardens in a semi-arid climate. Landscape 

and Urban Planning, 135, 62–72. https://doi.org/10.1016/j.landurbplan.2014.11.008 

Huang, B., Yuan, Z., Li, D., Zheng, M., Nie, X., & Liao, Y. (2020). Effects of soil particle 

size on the adsorption, distribution, and migration behaviors of heavy metal(loid)s in 



59 

 
 

 

 

soil: A review. Environmental Science: Processes & Impacts, 22(8), 1596–1615. 

https://doi.org/10.1039/D0EM00189A 

Ibhadon, A. O., & Fitzpatrick, P. (2013). Heterogeneous Photocatalysis: Recent Advances 

and Applications. Catalysts, 3(1), 189–218. https://doi.org/10.3390/catal3010189 

Ivar do Sul, J. A., & Costa, M. F. (2014). The present and future of microplastic pollution in 

the marine environment. Environmental Pollution, 185, 352–364. 

https://doi.org/10.1016/j.envpol.2013.10.036 

Jadhav, U. U., & Hocheng, H. (2012). A review of recovery of metals from industrial waste. 

Journal of Achievements in Materials and Manufacturing Engineering, 54(2). 

Järlskog, I., Jaramillo-Vogel, D., Rausch, J., Gustafsson, M., Strömvall, A.-M., & Andersson-

Sköld, Y. (2022). Concentrations of tire wear microplastics and other traffic-derived 

non-exhaust particles in the road environment. Environment International, 170, 

107618. https://doi.org/10.1016/j.envint.2022.107618 

Järlskog, I., Strömvall, A.-M., Magnusson, K., Galfi, H., Björklund, K., Polukarova, M., 

Garção, R., Markiewicz, A., Aronsson, M., Gustafsson, M., Norin, M., Blom, L., & 

Andersson-Sköld, Y. (2021). Traffic-related microplastic particles, metals, and 

organic pollutants in an urban area under reconstruction. Science of The Total 

Environment, 774, 145503. https://doi.org/10.1016/j.scitotenv.2021.145503 

Järlskog, I., Strömvall, A.-M., Magnusson, K., Gustafsson, M., Polukarova, M., Galfi, H., 

Aronsson, M., & Andersson-Sköld, Y. (2020). Occurrence of tire and bitumen wear 

microplastics on urban streets and in sweepsand and washwater. Science of The Total 

Environment, 729, 138950. https://doi.org/10.1016/j.scitotenv.2020.138950 



60 

 
 

 

 

Johansson, G., Fedje, K. K., Modin, O., Haeger-Eugensson, M., Uhl, W., Andersson-Sköld, 

Y., & Strömvall, A.-M. (2024). Removal and release of microplastics and other 

environmental pollutants during the start-up of bioretention filters treating 

stormwater. Journal of Hazardous Materials, 468, 133532. 

https://doi.org/10.1016/j.jhazmat.2024.133532 

Kaasalainen, M., & Yli-Halla, M. (2003). Use of sequential extraction to assess metal 

partitioning in soils. Environmental Pollution, 126(2), 225–233. 

https://doi.org/10.1016/S0269-7491(03)00191-X 

Kafle, A., Gupta, D., Mehta, S., Garg, K., & Nagaiah, T. C. (2024). Recent advances in 

energy-efficient chlorine production via HCl electrolysis. Journal of Materials 

Chemistry A, 12(10), 5626–5641. https://doi.org/10.1039/D3TA07187A 

Kalev, S., & Toor, G. S. (2020). Concentrations and Loads of Dissolved and Particulate 

Organic Carbon in Urban Stormwater Runoff. Water, 12(4). 

https://doi.org/10.3390/w12041031 

Karlfeldt Fedje, K., & Andersson, S. (2020). Zinc recovery from Waste-to-Energy fly ash – A 

pilot test study. Waste Management, 118, 90–98. 

https://doi.org/10.1016/j.wasman.2020.07.017 

Karlfeldt Fedje, K., Edvardsson, V., & Dalek, D. (2021). Initial Study on Phytoextraction for 

Recovery of Metals from Sorted and Aged Waste-to-Energy Bottom Ash. Soil 

Systems, 5(3), 53. https://doi.org/10.3390/soilsystems5030053 

Karlfeldt Fedje, K., Ekberg, C., Skarnemark, G., & Steenari, B.-M. (2010). Removal of 

hazardous metals from MSW fly ash—An evaluation of ash leaching methods. 

Journal of Hazardous Materials, 173(1), 310–317. 

https://doi.org/10.1016/j.jhazmat.2009.08.094 



61 

 
 

 

 

Kim, S., Sin, A., Nam, H., Park, Y., Lee, H., & Han, C. (2022). Advanced oxidation 

processes for microplastics degradation: A recent trend. Chemical Engineering 

Journal Advances, 9, 100213. https://doi.org/10.1016/j.ceja.2021.100213 

Klöckner, P., Seiwert, B., Weyrauch, S., Escher, B. I., Reemtsma, T., & Wagner, S. (2021). 

Comprehensive characterization of tire and road wear particles in highway tunnel 

road dust by use of size and density fractionation. Chemosphere, 279, 130530. 

https://doi.org/10.1016/j.chemosphere.2021.130530 

Kluge, B., Markert, A., Facklam, M., Sommer, H., Kaiser, M., Pallasch, M., & Wessolek, G. 

(2018). Metal accumulation and hydraulic performance of bioretention systems after 

long-term operation. Journal of Soils and Sediments, 18(2), 431–441. 

https://doi.org/10.1007/s11368-016-1533-z 

Koutnik, V. S., Leonard, J., Glasman, J. B., Brar, J., Koydemir, H. C., Novoselov, A., Bertel, 

R., Tseng, D., Ozcan, A., Ravi, S., & Mohanty, S. K. (2022). Microplastics retained in 

stormwater control measures: Where do they come from and where do they go? Water 

Research, 210, 118008. https://doi.org/10.1016/j.watres.2021.118008 

Kovacs, H., Szemmelveisz, K., & Palotas, A. B. (2013). Solubility analysis and disposal 

options of combustion residues from plants grown on contaminated mining area. 

Environmental Science and Pollution Research, 20(11), 7917–7925. 

https://doi.org/10.1007/s11356-013-1673-2 

Krishnan, S., Zulkapli, N. S., Kamyab, H., Taib, S. M., Din, M. F. B. M., Majid, Z. A., 

Chaiprapat, S., Kenzo, I., Ichikawa, Y., Nasrullah, M., Chelliapan, S., & Othman, N. 

(2021). Current technologies for recovery of metals from industrial wastes: An 

overview. Environmental Technology & Innovation, 22, 101525. 

https://doi.org/10.1016/j.eti.2021.101525 



62 

 
 

 

 

Kunwar, B., Cheng, H. N., Chandrashekaran, S. R., & Sharma, B. K. (2016). Plastics to fuel: 

A review. Renewable and Sustainable Energy Reviews, 54, 421–428. 

https://doi.org/10.1016/j.rser.2015.10.015 

Laine, D. F., & Cheng, I. F. (2007). The destruction of organic pollutants under mild reaction 

conditions: A review. Microchemical Journal, 85(2), 183–193. 

https://doi.org/10.1016/j.microc.2006.07.002 

Lange, K., Furén, R., Österlund, H., Winston, R., Tirpak, R. A., Nordqvist, K., Smith, J., 

Dorsey, J., Viklander, M., & Blecken, G.-T. (2023). Abundance, distribution, and 

composition of microplastics in the filter media of nine aged stormwater bioretention 

systems. Chemosphere, 320, 138103. 

https://doi.org/10.1016/j.chemosphere.2023.138103 

Lange, K., Magnusson, K., Viklander, M., & Blecken, G.-T. (2021). Removal of rubber, 

bitumen and other microplastic particles from stormwater by a gross pollutant trap—

Bioretention treatment train. Water Research, 202, 117457. 

https://doi.org/10.1016/j.watres.2021.117457 

Lange, K., Österlund, H., Viklander, M., & Blecken, G.-T. (2020). Metal speciation in 

stormwater bioretention: Removal of particulate, colloidal and truly dissolved metals. 

Science of The Total Environment, 724, 138121. 

https://doi.org/10.1016/j.scitotenv.2020.138121 

Lange, K., Viklander, M., & Blecken, G.-T. (2022). Investigation of intra—Event variations 

of total, dissolved and truly dissolved metal concentrations in highway runoff and a 

gross pollutant trap – bioretention stormwater treatment train. Water Research, 216, 

118284. https://doi.org/10.1016/j.watres.2022.118284 



63 

 
 

 

 

LeFevre, G. H., Paus, K. H., Natarajan, P., Gulliver, J. S., Novak, P. J., & Hozalski, R. M. 

(2015). Review of Dissolved Pollutants in Urban Storm Water and Their Removal 

and Fate in Bioretention Cells. Journal of Environmental Engineering, 141(1), 

04014050. https://doi.org/10.1061/(ASCE)EE.1943-7870.0000876 

Lemaire, J., Buès, M., Kabeche, T., Hanna, K., & Simonnot, M.-O. (2013). Oxidant selection 

to treat an aged PAH contaminated soil by in situ chemical oxidation. Journal of 

Environmental Chemical Engineering, 1(4), 1261–1268. 

https://doi.org/10.1016/j.jece.2013.09.018 

Li, C., Peng, C., Chiang, P.-C., Cai, Y., Wang, X., & Yang, Z. (2019). Mechanisms and 

applications of green infrastructure practices for stormwater control: A review. 

Journal of Hydrology, 568, 626–637. https://doi.org/10.1016/j.jhydrol.2018.10.074 

Li, F., Zhang, Y., Fan, Z., & Oh, K. (2015). Accumulation of De-icing Salts and Its Short-

Term Effect on Metal Mobility in Urban Roadside Soils. Bulletin of Environmental 

Contamination and Toxicology, 94(4), 525–531. https://doi.org/10.1007/s00128-015-

1481-0 

Li, Q., Liu, J., & Gadd, G. M. (2020). Fungal bioremediation of soil co-contaminated with 

petroleum hydrocarbons and toxic metals. Applied Microbiology and Biotechnology, 

104(21), 8999–9008. https://doi.org/10.1007/s00253-020-10854-y 

Liste, H.-H., & White, J. C. (2008). Plant hydraulic lift of soil water – implications for crop 

production and land restoration. Plant and Soil, 313(1), 1–17. 

https://doi.org/10.1007/s11104-008-9696-z 

Liu, F., Olesen, K. B., Borregaard, A. R., & Vollertsen, J. (2019). Microplastics in urban and 

highway stormwater retention ponds. Science of The Total Environment, 671, 992–

1000. https://doi.org/10.1016/j.scitotenv.2019.03.416 



64 

 
 

 

 

Liu, H., Zou, L., Xia, J., Chen, T., & Wang, F. (2022). Impact assessment of climate change 

and urbanization on the nonstationarity of extreme precipitation: A case study in an 

urban agglomeration in the middle reaches of the Yangtze river. Sustainable Cities 

and Society, 85, 104038. https://doi.org/10.1016/j.scs.2022.104038 

Liu, J., Sample, D. J., Bell, C., & Guan, Y. (2014). Review and Research Needs of 

Bioretention Used for the Treatment of Urban Stormwater. Water, 6(4), 1069–1099. 

https://doi.org/10.3390/w6041069 

Liu, K., Li, X., Lei, P., Wang, H., Yuan, S., Li, L., & Dai, X. (2025). Heavy metals removal 

from stormwater runoff by bioretention cells: Recent advances and future prospects. 

Journal of Water Process Engineering, 75, 108027. 

https://doi.org/10.1016/j.jwpe.2025.108027 

Liu, L., Li, R., Liu, Y., & Zhang, J. (2016). Simultaneous degradation of ofloxacin and 

recovery of Cu(II) by photoelectrocatalysis with highly ordered TiO2 nanotubes. 

Journal of Hazardous Materials, 308, 264–275. 

https://doi.org/10.1016/j.jhazmat.2016.01.046 

Liu, L., Xu, M., Ye, Y., & Zhang, B. (2022). On the degradation of (micro)plastics: 

Degradation methods, influencing factors, environmental impacts. Science of The 

Total Environment, 806, 151312. https://doi.org/10.1016/j.scitotenv.2021.151312 

Lü, H., Wei, J.-L., Tang, G.-X., Chen, Y.-S., Huang, Y.-H., Hu, R., Mo, C.-H., Zhao, H.-M., 

Xiang, L., Li, Y.-W., Cai, Q.-Y., & Li, Q. X. (2024). Microbial consortium degrading 

of organic pollutants: Source, degradation efficiency, pathway, mechanism and 

application. Journal of Cleaner Production, 451, 141913. 

https://doi.org/10.1016/j.jclepro.2024.141913 



65 

 
 

 

 

Lucke, T., & Nichols, P. W. B. (2015). The pollution removal and stormwater reduction 

performance of street-side bioretention basins after ten years in operation. Science of 

The Total Environment, 536, 784–792. 

https://doi.org/10.1016/j.scitotenv.2015.07.142 

Luo, L., Guo, S., Shen, D., Shentu, J., Lu, L., Qi, S., Zhu, M., & Long, Y. (2024). 

Characteristics and release potential of microplastics in municipal solid waste 

incineration bottom ash. Chemosphere, 364, 143163. 

https://doi.org/10.1016/j.chemosphere.2024.143163 

Luo, X., Yu, S., & Li, X. (2011). Distribution, availability, and sources of trace metals in 

different particle size fractions of urban soils in Hong Kong: Implications for 

assessing the risk to human health. Environmental Pollution, Adaptation of Forest 

Ecosystems to Air Pollution and Climate Change, 159(5), 1317–1326. 

https://doi.org/10.1016/j.envpol.2011.01.013 

Meng, F., Yuan, G., Wei, J., Bi, D., Ok, Y. S., & Wang, H. (2017). Humic substances as a 

washing agent for Cd-contaminated soils. Chemosphere, 181, 461–467. 

https://doi.org/10.1016/j.chemosphere.2017.04.127 

Miri, S., Saini, R., Davoodi, S. M., Pulicharla, R., Brar, S. K., & Magdouli, S. (2022). 

Biodegradation of microplastics: Better late than never. Chemosphere, 286, 131670. 

https://doi.org/10.1016/j.chemosphere.2021.131670 

Mohanty, S. K., Valenca, R., Berger, A. W., Yu, I. K. M., Xiong, X., Saunders, T. M., & 

Tsang, D. C. W. (2018). Plenty of room for carbon on the ground: Potential 

applications of biochar for stormwater treatment. Science of The Total Environment, 

625, 1644–1658. https://doi.org/10.1016/j.scitotenv.2018.01.037 



66 

 
 

 

 

Müller, A., Österlund, H., Marsalek, J., & Viklander, M. (2020). The pollution conveyed by 

urban runoff: A review of sources. Science of The Total Environment, 709, 136125. 

https://doi.org/10.1016/j.scitotenv.2019.136125 

Nabi, I., Bacha, A.-U.-R., & Zhang, L. (2022a). A review on microplastics separation 

techniques from environmental media. Journal of Cleaner Production, 337, 130458. 

https://doi.org/10.1016/j.jclepro.2022.130458 

Nabi, I., Bacha, A.-U.-R., & Zhang, L. (2022b). A review on microplastics separation 

techniques from environmental media. Journal of Cleaner Production, 337, 130458. 

https://doi.org/10.1016/j.jclepro.2022.130458 

Nakata, K., & Fujishima, A. (2012). TiO2 photocatalysis: Design and applications. Journal of 

Photochemistry and Photobiology C: Photochemistry Reviews, 13(3), 169–189. 

https://doi.org/10.1016/j.jphotochemrev.2012.06.001 

Narayanasamydamodaran, S., Zuo, J., & Kumar, N. (2024). Simultaneous Nutrient Removal 

from Urban Runoff Using Bi-layer Bioretention Cells with Novel Media Additives. 

Topics in Catalysis, 67(15), 1038–1051. https://doi.org/10.1007/s11244-023-01894-5 

Naturvårdsverkets generella riktvärden för förorenad mark (mg/kg TS). (n.d.). Retrieved May 

27, 2026, from 

https://www.naturvardsverket.se/4a3dbd/globalassets/vagledning/fororenade-

omraden/riktvarden/generella-riktvarden-for-fororenad-mark-2025.pdf 

Nieuwenhuijsen M. J. (2021). Green Infrastructure and Health. Annual Review of Public 

Health, 42(Volume 42, 2021), 317–328. https://doi.org/10.1146/annurev-publhealth-

090419-102511 



67 

 
 

 

 

Norén, A., Modin, O., Rauch, S., Fedje, K. K., Björklund, S., Thoutam, A. K., Markocsan, 

N., Andersson-Sköld, Y., & Strömvall, A.-M. (2025). Enhanced photoelectrocatalysis 

for oxidation of organic pollutants and metal recovery from polluted water and 

sediments. Journal of Hazardous Materials, 500, 140375. 

https://doi.org/10.1016/j.jhazmat.2025.140375 

Oppelt, E. T. (1987). Incineration Of Hazardous Waste. JAPCA, 37(5), 558–586. 

https://doi.org/10.1080/08940630.1987.10466245 

Oturan, M. A., & Aaron, J.-J. (2014). Advanced Oxidation Processes in Water/Wastewater 

Treatment: Principles and Applications. A Review. Critical Reviews in Environmental 

Science and Technology, 44(23), 2577–2641. 

https://doi.org/10.1080/10643389.2013.829765 

Paço, A., Duarte, K., da Costa, J. P., Santos, P. S. M., Pereira, R., Pereira, M. E., Freitas, A. 

C., Duarte, A. C., & Rocha-Santos, T. A. P. (2017). Biodegradation of polyethylene 

microplastics by the marine fungus Zalerion maritimum. Science of The Total 

Environment, 586, 10–15. https://doi.org/10.1016/j.scitotenv.2017.02.017 

Pan, L., Takagi, Y., Matsui, Y., Matsushita, T., & Shirasaki, N. (2017). Micro-milling of 

spent granular activated carbon for its possible reuse as an adsorbent: Remaining 

capacity and characteristics. Water Research, 114, 50–58. 

https://doi.org/10.1016/j.watres.2017.02.028 

Panepinto, D., Ravina, M., & Zanetti, M. (2022). An Overview of Thermal Treatment 

Emissions with a Particular Focus on CO2 Parameter. Sustainability, 14(23). 

https://doi.org/10.3390/su142315852 



68 

 
 

 

 

Panno, S. V., Kelly, W. R., Scott, J., Zheng, W., McNeish, R. E., Holm, N., Hoellein, T. J., & 

Baranski, E. L. (2019). Microplastic Contamination in Karst Groundwater Systems. 

Groundwater, 57(2), 189–196. https://doi.org/10.1111/gwat.12862 

Peana, M., Medici, S., Dadar, M., Zoroddu, M. A., Pelucelli, A., Chasapis, C. T., & 

Bjørklund, G. (2021). Environmental barium: Potential exposure and health-hazards. 

Archives of Toxicology, 95(8), 2605–2612. https://doi.org/10.1007/s00204-021-

03049-5 

Peleyeju, M. G., & Arotiba, O. A. (2018). Recent trend in visible-light photoelectrocatalytic 

systems for degradation of organic contaminants in water/wastewater. Environmental 

Science: Water Research & Technology, 4(10), 1389–1411. 

https://doi.org/10.1039/C8EW00276B 

Polukarova, M., Gaggini, E. L., Rødland, E., Sokolova, E., Bondelind, M., Gustafsson, M., 

Strömvall, A.-M., & Andersson-Sköld, Y. (2025). Tyre wear particles and metals in 

highway roadside ditches: Occurrence and potential transport pathways. 

Environmental Pollution, 372, 125971. https://doi.org/10.1016/j.envpol.2025.125971 

Polukarova, M., Markiewicz, A., Björklund, K., Strömvall, A.-M., Galfi, H., Andersson 

Sköld, Y., Gustafsson, M., Järlskog, I., & Aronsson, M. (2020). Organic pollutants, 

nano- and microparticles in street sweeping road dust and washwater. Environment 

International, 135, 105337. https://doi.org/10.1016/j.envint.2019.105337 

Quilumbaquin, W., Castillo-Cabrera, G. X., Borrero-González, L. J., Mora, J. R., Valle, V., 

Debut, A., Loor-Urgilés, L. D., & Espinoza-Montero, P. J. (2024). 

Photoelectrocatalytic degradation of high-density polyethylene microplastics on 

TiO2-modified boron-doped diamond photoanode. iScience, 27(3). 

https://doi.org/10.1016/j.isci.2024.109192 



69 

 
 

 

 

Quinn, B., Murphy, F., & Ewins, C. (2017). Validation of density separation for the rapid 

recovery of microplastics from sediment. Analytical Methods, 9(9), 1491–1498. 

https://doi.org/10.1039/C6AY02542K 

Ranc, B., Faure, P., Croze, V., & Simonnot, M. O. (2016). Selection of oxidant doses for in 

situ chemical oxidation of soils contaminated by polycyclic aromatic hydrocarbons 

(PAHs): A review. Journal of Hazardous Materials, 312, 280–297. 

https://doi.org/10.1016/j.jhazmat.2016.03.068 

Rivas, F. J. (2006). Polycyclic aromatic hydrocarbons sorbed on soils: A short review of 

chemical oxidation based treatments. Journal of Hazardous Materials, 138(2), 234–

251. https://doi.org/10.1016/j.jhazmat.2006.07.048 

Roy-Poirier, A., Champagne, P., & Filion, Y. (2010). Review of Bioretention System 

Research and Design: Past, Present, and Future. Journal of Environmental 

Engineering, 136(9), 878–889. https://doi.org/10.1061/(ASCE)EE.1943-

7870.0000227 

Sabbas, T., Polettini, A., Pomi, R., Astrup, T., Hjelmar, O., Mostbauer, P., Cappai, G., Magel, 

G., Salhofer, S., Speiser, C., Heuss-Assbichler, S., Klein, R., & Lechner, P. (2003). 

Management of municipal solid waste incineration residues. Waste Management, 

23(1), 61–88. https://doi.org/10.1016/S0956-053X(02)00161-7 

Sagrelius, P. Ö., Blecken, G., Hedström, A., Ashley, R., & Viklander, M. (2023). 

Sustainability performance of bioretention systems with various designs. Journal of 

Environmental Management, 340, 117949. 

https://doi.org/10.1016/j.jenvman.2023.117949 



70 

 
 

 

 

Salerno, F., Gaetano, V., & Gianni, T. (2018). Urbanization and climate change impacts on 

surface water quality: Enhancing the resilience by reducing impervious surfaces. 

Water Research, 144, 491–502. https://doi.org/10.1016/j.watres.2018.07.058 

Sangale, M. K., Shahnawaz, M., & Ade, A. B. (2019). Potential of fungi isolated from the 

dumping sites mangrove rhizosphere soil to degrade polythene. Scientific Reports, 

9(1), 5390. https://doi.org/10.1038/s41598-019-41448-y 

Schütze, B., Thomas, D., Kraft, M., Brunotte, J., & Kreuzig, R. (2022). Comparison of 

different salt solutions for density separation of conventional and biodegradable 

microplastic from solid sample matrices. Environmental Science and Pollution 

Research, 29(54), 81452–81467. https://doi.org/10.1007/s11356-022-21474-6 

SE Municipal waste factsheet. (n.d.). 

Sethurajan, M., Lens, P. N. L., Horn, H. A., Figueiredo, L. H. A., & van Hullebusch, E. D. 

(2017). Leaching and Recovery of Metals. In E. R. Rene, E. Sahinkaya, A. Lewis, & 

P. N. L. Lens (Eds.), Sustainable Heavy Metal Remediation: Volume 2: Case studies 

(pp. 161–206). Springer International Publishing. https://doi.org/10.1007/978-3-319-

61146-4_6 

Sharma, R., & Malaviya, P. (2021). Management of stormwater pollution using green 

infrastructure: The role of rain gardens. WIREs Water, 8(2), e1507. 

https://doi.org/10.1002/wat2.1507 

Shen, M., Hu, T., Huang, W., Song, B., Qin, M., Yi, H., Zeng, G., & Zhang, Y. (2021). Can 

incineration completely eliminate plastic wastes? An investigation of microplastics 

and heavy metals in the bottom ash and fly ash from an incineration plant. Science of 

The Total Environment, 779, 146528. https://doi.org/10.1016/j.scitotenv.2021.146528 



71 

 
 

 

 

Shi, J., Jiang, J., Chen, Q., Wang, L., Nian, K., & Long, T. (2023). Production of higher toxic 

intermediates of organic pollutants during chemical oxidation processes: A review. 

Arabian Journal of Chemistry, 16(7), 104856. 

https://doi.org/10.1016/j.arabjc.2023.104856 

Shuster, W. D., Bonta, J., Thurston, H., Warnemuende, E., & Smith, D. R. (2005). Impacts of 

impervious surface on watershed hydrology: A review. Urban Water Journal, 2(4), 

263–275. https://doi.org/10.1080/15730620500386529 

Silva, R. V., de Brito, J., Lynn, C. J., & Dhir, R. K. (2017). Use of municipal solid waste 

incineration bottom ashes in alkali-activated materials, ceramics and granular 

applications: A review. Waste Management, 68, 207–220. 

https://doi.org/10.1016/j.wasman.2017.06.043 

Singh, P. K., Kumar, U., Kumar, I., Dwivedi, A., Singh, P., Mishra, S., Seth, C. S., & 

Sharma, R. K. (2024). Critical review on toxic contaminants in surface water 

ecosystem: Sources, monitoring, and its impact on human health. Environmental 

Science and Pollution Research, 31(45), 56428–56462. 

https://doi.org/10.1007/s11356-024-34932-0 

Sirés, I., Brillas, E., Oturan, M. A., Rodrigo, M. A., & Panizza, M. (2014). Electrochemical 

advanced oxidation processes: Today and tomorrow. A review. Environmental 

Science and Pollution Research, 21(14), 8336–8367. https://doi.org/10.1007/s11356-

014-2783-1 

Sivan, A. (2011). New perspectives in plastic biodegradation. Current Opinion in 

Biotechnology, Energy Biotechnology – Environmental Biotechnology, 22(3), 422–

426. https://doi.org/10.1016/j.copbio.2011.01.013 



72 

 
 

 

 

Søberg, L. C., Winston, R., Viklander, M., & Blecken, G.-T. (2019). Dissolved metal 

adsorption capacities and fractionation in filter materials for use in stormwater 

bioretention facilities. Water Research X, 4, 100032. 

https://doi.org/10.1016/j.wroa.2019.100032 

Su, Z., Dai, Z., Zhou, C., Li, L., Zhou, T., Man, Z., Wang, Y., Chen, Y., Xie, C., Li, J., Bai, 

J., & Zhou, B. (2025). Photoelectrocatalytic conversion for wastewater to high-value 

chemicals and energy. Applied Catalysis B: Environment and Energy, 375, 125419. 

https://doi.org/10.1016/j.apcatb.2025.125419 

Suhrhoff, T. J., & Scholz-Böttcher, B. M. (2016). Qualitative impact of salinity, UV radiation 

and turbulence on leaching of organic plastic additives from four common plastics—

A lab experiment. Marine Pollution Bulletin, 102(1), 84–94. 

https://doi.org/10.1016/j.marpolbul.2015.11.054 

Sun, X., & Davis, A. P. (2007). Heavy metal fates in laboratory bioretention systems. 

Chemosphere, 66(9), 1601–1609. https://doi.org/10.1016/j.chemosphere.2006.08.013 

Tahvonen, O. (2018). Adapting Bioretention Construction Details to Local Practices in 

Finland. Sustainability, 10(2), 276. https://doi.org/10.3390/su10020276 

Tang, J., & Steenari, B.-M. (2016). Leaching optimization of municipal solid waste 

incineration ash for resource recovery: A case study of Cu, Zn, Pb and Cd. Waste 

Management, 48, 315–322. https://doi.org/10.1016/j.wasman.2015.10.003 

Tessier, A., Campbell, P. G. C., & Bisson, M. (1979). Sequential extraction procedure for the 

speciation of particulate trace metals. Analytical Chemistry, 51(7), 844–851. 

https://doi.org/10.1021/ac50043a017 



73 

 
 

 

 

Tirkey, A., & Upadhyay, L. S. B. (2021). Microplastics: An overview on separation, 

identification and characterization of microplastics. Marine Pollution Bulletin, 170, 

112604. https://doi.org/10.1016/j.marpolbul.2021.112604 

Tominc, S., Ducman, V., Wisniewski, W., Luukkonen, T., Kirkelund, G. M., & Ottosen, L. 

M. (2023). Recovery of Phosphorus and Metals from the Ash of Sewage Sludge, 

Municipal Solid Waste, or Wood Biomass: A Review and Proposals for Further Use. 

Materials, 16(21), 6948. https://doi.org/10.3390/ma16216948 

Uheida, A., Mejía, H. G., Abdel-Rehim, M., Hamd, W., & Dutta, J. (2021). Visible light 

photocatalytic degradation of polypropylene microplastics in a continuous water flow 

system. Journal of Hazardous Materials, 406, 124299. 

https://doi.org/10.1016/j.jhazmat.2020.124299 

United Nations. (2025). —SDG Indicators. https://unstats.un.org/sdgs/report/2025/Goal-11/ 

Valizadeh, B., Abdoli, M. A., Mahmoudkhani, R., & Abdossalami Asl, Y. (2025). Quantity 

and morphology of microplastics in the Tehran and Nowshahr MSW incinerators 

ashes. Scientific Reports, 15(1), 28973. https://doi.org/10.1038/s41598-025-93155-6 

Vaverková, M. D. (2019). Landfill Impacts on the Environment—Review. Geosciences, 

9(10), 431. https://doi.org/10.3390/geosciences9100431 

Wang, C., O’Connor, D., Wang, L., Wu, W.-M., Luo, J., & Hou, D. (2022). Microplastics in 

urban runoff: Global occurrence and fate. Water Research, 225, 119129. 

https://doi.org/10.1016/j.watres.2022.119129 

Wang, H., Zhang, S., Li, B., Pan, D., Wu, Y., & Zuo, T. (2017). Recovery of waste printed 

circuit boards through pyrometallurgical processing: A review. Resources, 



74 

 
 

 

 

Conservation and Recycling, 126, 209–218. 

https://doi.org/10.1016/j.resconrec.2017.08.001 

Wang, J., C. Chua, L. H., & Shanahan, P. (2017). Evaluation of pollutant removal efficiency 

of a bioretention basin and implications for stormwater management in tropical cities. 

Environmental Science: Water Research & Technology, 3(1), 78–91. 

https://doi.org/10.1039/C6EW00285D 

Wang, Z., Sedighi, M., & Lea-Langton, A. (2020). Filtration of microplastic spheres by 

biochar: Removal efficiency and immobilisation mechanisms. Water Research, 184, 

116165. https://doi.org/10.1016/j.watres.2020.116165 

Watson, M., Nikić, J., Tubić, A., Isakovski, M. K., Šolić, M., Dalmacija, B., & Agbaba, J. 

(2022). Repurposing spent filter sand from iron and manganese removal systems as an 

adsorbent for treating arsenic contaminated drinking water. Journal of Environmental 

Management, 302, 114115. https://doi.org/10.1016/j.jenvman.2021.114115 

Weber, K., & Quicker, P. (2018). Properties of biochar. Fuel, 217, 240–261. 

https://doi.org/10.1016/j.fuel.2017.12.054 

Wei, K.-H., Ma, J., Xi, B.-D., Yu, M.-D., Cui, J., Chen, B.-L., Li, Y., Gu, Q.-B., & He, X.-S. 

(2022). Recent progress on in-situ chemical oxidation for the remediation of 

petroleum contaminated soil and groundwater. Journal of Hazardous Materials, 432, 

128738. https://doi.org/10.1016/j.jhazmat.2022.128738 

Weibel, G., Zappatini, A., Wolffers, M., & Ringmann, S. (2021). Optimization of Metal 

Recovery from MSWI Fly Ash by Acid Leaching: Findings from Laboratory- and 

Industrial-Scale Experiments. Processes, 9(2), 352. https://doi.org/10.3390/pr9020352 



75 

 
 

 

 

Xiang, Y., Jiang, L., Zhou, Y., Luo, Z., Zhi, D., Yang, J., & Lam, S. S. (2022). Microplastics 

and environmental pollutants: Key interaction and toxicology in aquatic and soil 

environments. Journal of Hazardous Materials, 422, 126843. 

https://doi.org/10.1016/j.jhazmat.2021.126843 

Xu, H., Zhong, T., Chen, Y., & Zhang, J. (2023). How to simulate future scenarios of urban 

stormwater management? A novel framework coupling climate change, urbanization, 

and green stormwater infrastructure development. Science of The Total Environment, 

874, 162399. https://doi.org/10.1016/j.scitotenv.2023.162399 

Yang, L., Li, J., Zhou, K., Feng, P., & Dong, L. (2021). The effects of surface pollution on 

urban river water quality under rainfall events in Wuqing district, Tianjin, China. 

Journal of Cleaner Production, 293, 126136. 

https://doi.org/10.1016/j.jclepro.2021.126136 

Yang, L., Zhang, Y., Kang, S., Wang, Z., & Wu, C. (2021). Microplastics in soil: A review 

on methods, occurrence, sources, and potential risk. Science of The Total 

Environment, 780, 146546. https://doi.org/10.1016/j.scitotenv.2021.146546 

Yang, Z., Lü, F., Zhang, H., Wang, W., Shao, L., Ye, J., & He, P. (2021). Is incineration the 

terminator of plastics and microplastics? Journal of Hazardous Materials, 401, 

123429. https://doi.org/10.1016/j.jhazmat.2020.123429 

Yu, F., Yang, C., Zhu, Z., Bai, X., & Ma, J. (2019). Adsorption behavior of organic 

pollutants and metals on micro/nanoplastics in the aquatic environment. Science of 

The Total Environment, 694, 133643. https://doi.org/10.1016/j.scitotenv.2019.133643 

Yu, J., González-Cobos, J., Dappozze, F., Vernoux, P., Caravaca, A., & Guillard, C. (2024). 

Basic comprehension and recent trends in photoelectrocatalytic systems. Green 

Chemistry, 26(4), 1682–1708. https://doi.org/10.1039/D3GC03371F 



76 

 
 

 

 

Yutong, Z., Qing, X., & Shenggao, L. (2016). Chemical fraction, leachability, and 

bioaccessibility of heavy metals in contaminated soils, Northeast China. 

Environmental Science and Pollution Research, 23(23), 24107–24114. 

https://doi.org/10.1007/s11356-016-7598-9 

Zhang, F., Zhao, Y., Wang, D., Yan, M., Zhang, J., Zhang, P., Ding, T., Chen, L., & Chen, C. 

(2021). Current technologies for plastic waste treatment: A review. Journal of 

Cleaner Production, 282, 124523. https://doi.org/10.1016/j.jclepro.2020.124523 

Zhang, H., He, P.-J., Shao, L.-M., & Li, X.-J. (2008). Leaching behavior of heavy metals 

from municipal solid waste incineration bottom ash and its geochemical modeling. 

Journal of Material Cycles and Waste Management, 10(1), 7–13. 

https://doi.org/10.1007/s10163-007-0191-z 

Zhang, L., Li, P., Gong, Z., & Li, X. (2008). Photocatalytic degradation of polycyclic 

aromatic hydrocarbons on soil surfaces using TiO2 under UV light. Journal of 

Hazardous Materials, 158(2), 478–484. https://doi.org/10.1016/j.jhazmat.2008.01.119 

Zhang, M., Dong, H., Zhao, L., Wang, D., & Meng, D. (2019). A review on Fenton process 

for organic wastewater treatment based on optimization perspective. Science of The 

Total Environment, 670, 110–121. https://doi.org/10.1016/j.scitotenv.2019.03.180 

Zhao, X., Guo, L., Zhang, B., Liu, H., & Qu, J. (2013). Photoelectrocatalytic Oxidation of 

CuII–EDTA at the TiO2 Electrode and Simultaneous Recovery of CuII by 

Electrodeposition. Environmental Science & Technology, 47(9), 4480–4488. 

https://doi.org/10.1021/es3046982 

Zhou, Y., Liu, X., & Wang, J. (2019). Characterization of microplastics and the association 

of heavy metals with microplastics in suburban soil of central China. Science of The 

Total Environment, 694, 133798. https://doi.org/10.1016/j.scitotenv.2019.133798 



77 

 
 

 

 

Zhu, D., & Zhou, Q. (2019). Action and mechanism of semiconductor photocatalysis on 

degradation of organic pollutants in water treatment: A review. Environmental 

Nanotechnology, Monitoring & Management, 12, 100255. 

https://doi.org/10.1016/j.enmm.2019.100255 

 

 

 

 

 

 

 

 

  



 I 

 

Appendix 1  

 



II 

 
 

 

 

 



III 

 
 

 

 

 



IV 

 
 

 

 

 



V 

 
 

 

 

 



VI 

 
 

 

 

 



VII 

 
 

 

 

 



VIII 

 
 

 

 

 



IX 

 
 

 

 

 



X 

 
 

 

 

 



XI 

 
 

 

 

 



XII 

 
 

 

 

 



XIII 

 
 

 

 

 



XIV 

 
 

 

 

 



XV 

 
 

 

 

 



XVI 

 
 

 

 

 



XVII 

 
 

 

 

 



XVIII 

 
 

 

 

 

 



XIX 

 
 

 

 

 

 



XX 

 
 

 

 

 



XXI 

 
 

 

 

 



XXII 

 
 

 

 

 



XXIII 

 
 

 

 

 



XXIV 

 
 

 

 

 

 



XXV 

 
 

 

 

Appendix 2  

 

 



XXVI 

 
 

 

 

 



XXVII 

 
 

 

 

 



XXVIII 

 
 

 

 

 



XXIX 

 
 

 

 

 



XXX 

 
 

 

 

 



XXXI 

 
 

 

 

 



XXXII 

 
 

 

 

 



XXXIII 

 
 

 

 

 



XXXIV 

 
 

 

 

 



XXXV 

 
 

 

 

 



XXXVI 

 
 

 

 

 



XXXVII 

 
 

 

 

 



XXXVIII 

 
 

 

 

 



XXXIX 

 
 

 

 

 



XL 

 
 

 

 

 



XLI 

 
 

 

 

 



XLII 

 
 

 

 

 



XLIII 

 
 

 

 

 



XLIV 

 
 

 

 

 



XLV 

 
 

 

 

 



XLVI 

 
 

 

 

 



XLVII 

 
 

 

 

 



XLVIII 

 
 

 

 

 



XLIX 

 
 

 

 

 



L 

 
 

 

 

 



LI 

 
 

 

 

 



LII 

 
 

 

 

 



LIII 

 
 

 

 

 



LIV 

 
 

 

 

 



LV 

 
 

 

 

 



LVI 

 
 

 

 

 



LVII 

 
 

 

 

 



LVIII 

 
 

 

 

Appendix 3 

 

 



LIX 

 
 

 

 

 

 

 



LX 

 
 

 

 

 

 



LXI 

 
 

 

 

 



LXII 

 
 

 

 

 

 



LXIII 

 
 

 

 

 

 

 



LXIV 

 
 

 

 

 



LXV 

 
 

 

 

 

 



LXVI 

 
 

 

 

Appendix 4 

 



LXVII 

 
 

 

 

 

 

 



LXVIII 

 
 

 

 

 
 



LXIX 

 
 

 

 

 
 



LXX 

 
 

 

 

 
 



LXXI 

 
 

 

 

 
 

 



LXXII 

 
 

 

 

 



LXXIII 

 
 

 

 

Appendix 5 

 



LXXIV 

 
 

 

 

 

 

 



LXXV 

 
 

 

 

 

 

 



LXXVI 

 
 

 

 

 

 

 



LXXVII 

 
 

 

 

 

 

 



LXXVIII 

 
 

 

 

 

 

 



LXXIX 

 
 

 

 

 

 

 



LXXX 

 
 

 

 

 

 

 



LXXXI 

 
 

 

 

 

 

 



LXXXII 

 
 

 

 

 

 

 



LXXXIII 

 
 

 

 

Appendix 6 

 



LXXXIV 

 
 

 

 

 



LXXXV 

 
 

 

 

 



LXXXVI 

 
 

 

 

 

 

 



LXXXVII 

 
 

 

 

 

 

 



LXXXVIII 

 
 

 

 

 



LXXXIX 

 
 

 

 

 

 

 



XC 

 
 

 

 

 

 

 


